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Abstract 
Globally, wetland ecosystems are recognised as important carbon sinks, however, there is a relative lack 
of information in regards to the carbon dynamics of semi-arid floodplain wetlands in comparison to other 
wetland types, such as coastal wetlands. Environmental water allocations are increasingly used to 
maintain the ecological health of regulated floodplain wetlands. In light of global climate change and 
potential mitigation strategies, environmental water allocations may be used to restore or enhance 
carbon sequestration in floodplain wetlands. Thus, there is a need to assess if environmental water 
allocations can be used effectively to promote carbon sequestration in floodplain wetlands; this can be 
partly achieved by determining probable sources of soil carbon. 
This study investigated relationships between soil organic carbon (SOC) and reedbed persistence in 
extensive reedbeds of Phragmites australis in the Macquarie Marshes, a semi-arid floodplain wetland 
located in the Murray-Darling Basin, Australia. Stable carbon isotopes were used to determine possible 
SOC sources, whilst using aboveground biomass measures to calibrate Normalized Digital Vegetation 
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Globally, wetland ecosystems are recognised as important carbon sinks, however, there is 
a relative lack of information in regards to the carbon dynamics of semi-arid floodplain 
wetlands in comparison to other wetland types, such as coastal wetlands. Environmental 
water allocations are increasingly used to maintain the ecological health of regulated 
floodplain wetlands. In light of global climate change and potential mitigation strategies, 
environmental water allocations may be used to restore or enhance carbon sequestration 
in floodplain wetlands. Thus, there is a need to assess if environmental water allocations 
can be used effectively to promote carbon sequestration in floodplain wetlands; this can 
be partly achieved by determining probable sources of soil carbon.  
This study investigated relationships between soil organic carbon (SOC) and reedbed 
persistence in extensive reedbeds of Phragmites australis in the Macquarie Marshes, a 
semi-arid floodplain wetland located in the Murray-Darling Basin, Australia. Stable carbon 
isotopes were used to determine possible SOC sources, whilst using aboveground biomass 
measures to calibrate Normalized Digital Vegetation Index (NDVI) data for application in 
broad-scale reedbed assessment.  
SOC store levels were higher in persistent reedbeds (153 ± 57 Mg ha-1) compared to 
ephemeral reedbeds (105 ± 42 Mg ha-1 to 127 ± 59 Mg ha-1). Stable carbon isotope analyses 
indicated that in situ P. australis was the predominant source of SOC. Down-profile 
enrichment in !13C in association with down-profile decreases in SOC were indicative of 
preferential decomposition of organic matter as a common 13C enrichment process. Highly 
correlated NDVI and aboveground biomass data (r2 = 0.95), in addition to weak 
correlations between aboveground biomass and SOC store (r2 = 0.46), suggest that 
calibrated NDVI may be a useful tool for broad-scale qualitative assessment of SOC store, 
and quantitative assessment of reedbed condition, in P. australis reedbeds. This study 
suggests that effective management of core P. australis reedbeds may serve as part of 
possible strategies to enhance carbon in the Macquarie Marshes. 
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 1 
1  Introduction 
1.1 Wetland Ecosystem Services 
 
Wetland ecosystems are defined by the presence of water, which acts as the dominant 
control over environmental and ecological processes in these landscapes (Ramsar, 2009; 
Haslam 2003). Under the Ramsar Convention of 1971 wetlands are categorised into five 
major types: marine (coastal wetlands, coastal lagoons, rocky shores and coral reefs), 
estuarine (deltas, tidal marshes and mangrove swamps), lacustrine (wetlands associated 
with lakes), riverine (wetlands associated with rivers and streams), palustrine (marshes, 
swamps and bogs) (Ramsar 2009). Wetlands are estimated to cover approximately 5.3 – 
9.7 million km2 (less than 6%) (Finlayson et al., 1999). Despite their relatively small extent, 
wetlands perform a suite of vital ecosystem services that contribute to human societies 
around the world, including: flood mitigation, sediment, nutrient and pollutant retention; 
water storage, groundwater recharge (particularly important in arid and semi–arid 
regions), and are typically areas of high habitat heterogeneity, rich in biodiversity and 
biological activity (Costanza et al., 1997; Zedler and Kercher, 2005; Opperman et al., 2010; 
Mitra et al., 2005; Finlayson et al. 1999; Kingsford and Thomas, 2004). Wetland species 
are typically highly dependent on wetland ecosystem function; for example, waterbird 
breeding is often highly correlated to the flood regimes of wetland ecosystems (Rogers 
and Ralph, 2010). Globally, reductions in wetland extent as a result of human activity are 
estimated at 50%; drainage for agricultural purposes has been considered as the major 
cause of this loss, especially in floodplain wetlands (Zedler and Kercher, 2005; Tockner 
and Stanford, 2002).  
 
The role that wetland ecosystems play in the global carbon cycle has grown in status in 
light of climate change and potential mitigation strategies (see, e.g., Zedler and Kercher, 
2005; Brix et al., 2011). Terrestrial ecosystems are the key driver of global interannual 
atmospheric CO2 variability (Peylin et al., 2007; Friend et al., 2007), of which wetlands 
contribute the largest component, approximately 40 - 68%, of terrestrial organic carbon 
(Mitsch and Gosselink, 2000). Wetland ecosystems typically produce large quantities of 
organic matter, which is stored in a semi-decomposed state in the soil as soil organic 
matter (SOM), facilitated by a saturated soil profile and the resulting anaerobic conditions 
(Mitsch et al., 2013; Richardson and Vepraskas, 2000). The carbon flux in wetlands 
systems, i.e., the balance between carbon emitted and carbon sequestered, is considerable 
given that wetlands emit large amounts of carbon as methane and carbon dioxide by 
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means of plant respiration and soil processes (Kirk, 2004; Brix et al., 2001). The same 
conditions that limit oxidisation and CO2 release in wetlands are also conducive to 
methanogenic processes and CH4 emissions (Kirk, 2004; Badiou et al. 2011). The carbon 
flux of a particular wetland will indicate whether it is a net source or net sink of carbon. 
The perception that wetlands are net sources of greenhouse gases (GHG) is generally a 
product of analysis at short timescales (i.e. < 60 years) (Brix et al. 2001); overall, wetlands 
are a net sink of carbon over longer timescales (i.e. > 100 years) (Brix et al. 2001). Wetland 
type is also a contributing factor to the carbon flux of a wetland. For example, tidal 
wetlands are especially conducive to net carbon storage, largely because methane 
production is inhibited in these ecosystems due to the presence of sulfate (Saintilan et al. 
2013; Kirk, 2004). 
 
There may be potential for promoting increased carbon sequestration in wetland 
ecosystems as a means of mitigating the enhanced greenhouse gas effect; however, these 
ecosystems are extensively utilised in Australia, and globally, for agricultural practices, 
causing substantial degradation and modification (Kingsford and Thomas, 2004; Tockner 
and Stanford 2002). Promoting increased carbon sequestration levels in wetland 
ecosystems could be achieved by altering wetland management practices, particularly 
those pertaining to hydrological regimes. Additionally, their inherently carbon-rich nature 
makes wetland ecosystems a key focus for conservation efforts; degradation of wetlands 
would result in high levels of CO2 release, contributing further to excess greenhouse gas 
emissions (Coletti et al., 2013). Market based initiatives such as payments for ecosystem 
services (PES), may provide financial incentives for ecosystem conservation by assigning 
economic value to ecosystem services (Alongi ,2011; Costanza et al., 1997).  
 
1.2 Environmental Water Allocations 
 
The connectivity between floodplains and channels has decreased considerably as a result 
of river regulation and alterations in natural flow regimes, much to detriment of the 
ecological health of these ecosystems (Steinfeld and Kingsford, 2013; Szemis et al., 2012). 
Environmental water allocations are now widely and increasingly used throughout the 
world in order to shift the flow regimes of regulated river systems in a more natural 
direction and improve the ecological health of catchment ecosystems, balancing 
ecological and anthropocentric needs (Poff et al., 1997; Steinfeld and Kingsford, 2013; 
Szemis et al., 2012; Poff et al., 2010) note the importance of environmental flow 
quantification required to maintain the condition of floodplain and river ecosystems. 
Quantification of environmental flows is already an important consideration as part of 
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environmental management plans (see OEH, 2012a); however, the focus lies mainly on 
ecological processes, especially waterbird breeding (OEH, 2012a; Rogers and Ralph, 2012). 
Thus, it is also important to quantify the duration, frequency, depth, timing and quality of 
environmental flows required to promote or maintain soil carbon sequestration in 
wetlands, if this approach is to be considered as a viable climate change mitigation 
strategy.  
 
1.3 Assessment of Soil Carbon Store in Wetlands 
 
Remote sensing products, including the Normalized Digital Vegetation Index (NDVI), have 
been successfully used to measure primary productivity at suitable monitoring scales (see 
Wen et al., 2012). Investigating the relationship between soil carbon store and above-
ground vegetation biomass, will aid in the application of remote sensing in soil carbon 
quantification, whilst also providing valuable information about the relationships 
between water supply, soil carbon and above-ground biomass. In terms of measuring 
aboveground biomass in wetlands, Phragmites australis is a particularly useful species; 
this is a product of its global relevance in wetland carbon cycling (Brix et al., 2001), as it is 
one of the most prolific wetland plant species throughout the world (Brix et al., 2001, 
Haslam, 2003). P. australis is also a common species in the Macquarie Marshes (the 
location of this study), where it exists in vast reedbeds throughout the marshes (Wen et 
al., 2012; OEH 2012b); the Macquarie Marshes is only one of two areas within the 




Globally, wetland ecosystems are recognised as important carbon sinks (Howe et al., 
2009). However, the capacity of different wetlands sequester carbon is variable (Bernal 
and Mitsch, 2012); the potential of a particular wetland to sequester carbon can also 
change through time due to shifting environmental conditions, including climate, flow 
regime and ecological health, especially in terms of restored or artificial wetlands (Badiou 
et al., 2011). The focus of carbon sequestration studies in wetlands has largely been 
around tidal wetlands (see e.g., Saintilan et al., 2013; Howe et al., 2009), partly because 
methane production is largely inhibited in these ecosystems due to presence of sulfate, 
thus, they represent a more likely carbon sink (Saintilan et al., 2013; Kirk, 2005). There is 
less of a focus throughout the literature on the carbon sequestration potential of 
floodplain wetlands. Floodplain wetlands, especially semi-arid wetlands like the 
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Macquarie Marshes, often experience drought conditions, which lead to the liberation of 
soil carbon. The carbon sequestration potential of floodplain wetlands, such as, the 
Macquarie Marshes is largely unknown. There is also the question of how long carbon is 
stored within these wetlands and to what degree carbon is liberated from the soil under 
drought conditions. Because many of the world’s floodplain wetlands exist in regulated 
catchments with significantly altered flow regimes, environmental water allocations have 
become important sources of water to these ecosystems (Kingsford, 2000; Powell et al., 
2008). Consequently, there is a need to assess whether environmental water allocations 
can be used to enhance carbon sequestration in floodplain wetlands, and importantly, the 
duration, frequency, depth, timing and quality of environmental flows required by 
particular wetland ecosystems to effectively sequester carbon. 
1.5 Project Aims 
 
This study was developed in collaboration with New South Wales Office of Environment 
and Heritage (NSW OEH) to form the foundation of a long-term study on the relationships 
between ecosystems, water management, carbon dynamics and wetlands processes, 
including carbon accumulation and sequestration within the Macquarie Marshes. The key 
aims of this study are to: 
 
• Investigate the relationship between aboveground biomass of P. australis 
communities and the associated soil organic carbon (SOC) store within the 
Macquarie Marshes, with consideration given to the persistence of reed beds. 
Specifically, this study compares the aboveground biomass of persistent reed beds 
(i.e., frequently inundated), with less persistent reed beds (i.e., infrequently 
inundated). This will allow an estimate of how much SOC is retained under dryer 
(more aerobic) conditions and an assessment of how wetting/drying conditions 
influence carbon storage in wetland soils. 
 
• Consider how much P. australis contributes to SOC store in the Macquarie 
Marshes by determining the SOC store in reed bed communities and utilising 
stable carbon isotopes, observing how these change with depth in soil cores, 
thereby giving an indication of the provenance of carbon in soil samples. 
 
• Develop and evaluate methodologies for assessing the carbon store within the 




To achieve these outcomes, this study tests the following hypotheses: 
 
H1 Soil carbon density will decrease down-profile, demonstrating the loss of carbon 
through time; 
 
H2 Major contributions to soil carbon from P. australis will be reflected by the carbon 
isotope ratios from soil samples; 
 
H3 SOC store, defined as SOC density in the upper metre of sediment, reflects 
aboveground primary productivity, indicated by biomass measures of P. australis; 
  
H4 Reed bed persistence will be correlated with greater carbon store; inversely, less 
persistent or ephemeral reed beds will be correlated with lesser soil carbon 
storage, demonstrating a loss of soil carbon during periods when water is limiting 
and reed bed condition is poor; 
 
H5 NDVI derived measures of aboveground biomass of P. australis can be used as a 
surrogate measure of soil carbon store. 
 
By investigating these relationships, this study will assess the carbon sequestration 
potential of the Macquarie Marshes; the P. australis biomass data is used to calibrate 
spectral reflectance (NDVI) data, which is used to determine the amount of biomass 
associated with P. australis across the extent of the marshes. Additionally, an estimation 
of total soil carbon associated with P. australis is extrapolated from the initial soil carbon 
data. This study provides an initial estimate of soil carbon throughout the reed beds of 
Macquarie Marshes and an assessment of methods that could be used for the estimation 
of carbon sequestration associated with P. australis within the Macquarie Marshes and 
potentially other wetlands within the MDB, particularly P. australis dominated wetlands. 
 
1.6 Thesis Outline 
 
Following this introduction, Chapter 2 provides a review of the relevant literature, 
focussing on major processes concerning carbon dynamics in wetlands. Next, Chapter 3 
details the methods used in this study to collect samples and analyse data, and also 
provides information in regards to the individual study sites. Following this, Chapter 4 
presents the results of analyses and their discussion in context of relevant literature; 
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furthermore, limitations of this study are noted. Finally, Chapter 5 summarises the 
implications of findings from this study and recommendations based on these findings.  
 
 7 
2  Literature Review 
 
The significance of wetland ecosystems in regards to the global carbon cycle has received 
considerable attention in the context of climate change and mitigation strategies. This 
literature review explores the role of wetland ecosystems in the global carbon cycle, and 
is divided into three sections focussed on (a) the key processes and mechanisms that drive 
carbon cycling within wetlands, (b) approaches to determining carbon store and 
aboveground biomass, and (c) the Macquarie Marshes study site.  
2.1 Carbon Production and Accumulation in Wetlands 
2.1.1 Global Carbon Cycle 
 
Wetland ecosystems are a key feature within the global carbon cycle (Figure 1), capable of 
processing large amounts of atmospheric inorganic carbon into organic carbon via 
photosynthesis from plants (Dise 2009). Organic carbon produced in situ, as well as 
external inputs of carbon, can be either stored within the wetland by means of 
sequestration, a process by which carbon is accumulated within the soil, or liberated from 
the wetland via decomposition (aerobic and anaerobic), erosion and soil disturbance 
(Kayranli et al., 2010). The high levels of carbon sequestration often associated with 
wetlands are mostly attributed to the low rates of decomposition characteristic of 
saturated soils that are oxygen depleted (Kirk, 2004; Kayranli et al., 2010). Global 
estimates of carbon stored in wetland soils range from 350 - 535 Gt C, which equates to 
approximately 20 – 25% of global organic soil carbon (Gorham, 1995).  
 
Carbon exists in various forms within wetland ecosystems and can be categorised into 
several major reservoirs: plant biomass, particulate organic carbon (POC), dissolved 
organic carbon (DOC), microbial biomass and gaseous products from decomposition 
(Kayranli et al., 2010). The size and nature of these carbon reservoirs are dependent on the 
type of wetland. For example, following a flood, plant biomass may increase as a result of 
increased nutrient supply (Dise, 2009); DOC may increase and be exported downstream 
(Cole et al., 2007); methane may dominate as a gaseous product due to increased soil 
saturation (Kirk, 2004). Collectively, wetlands are considered as a net sink of carbon (Brix 
et al., 2001; Roulet, 2000) but artificial and restored wetlands are often considered as net 
sources of carbon, particularly over short timescales (Badiou et al., 2011). The role that 
semi-arid floodplain wetlands, such as the Macquarie Marshes, play in the global carbon 
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cycle requires further investigation, as there is little detail on whether these wetlands are 
net sources or net sinks of carbon.  
2.1.2 Net Primary Production in Wetlands 
 
Wetlands are typically abundant in vegetation that is adapted to high water tables and 
inundation; the photosynthesis reactions carried out by these plants essentially convert 
inorganic carbon from the atmosphere as CO2 to organic carbon as carbohydrates (C6H12O6) 
(Dise, 2009). A large proportion of this organic carbon (approximately 50%) is respired by 
the plants for energy and released into the atmosphere and soil as CO2 via the leaves and 
roots (Dise, 2009). The surplus organic carbon is incorporated into the plants themselves 
and is known as net primary production (NPP) (Dise, 2009). 
 
Figure 1 (Top) Model of the global carbon cycle based on 1994 data, with carbon reservoirs depicted in boxes, 
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(Bottom) Generalised schematic of major processes and components of the carbon cycle in wetlands. Source: 
Kayranli et al., (2010). 
2.1.3 Controls on Net Primary Production 
 
The principle factors that control NPP in wetlands are: radiation, temperature, frequency 
and duration of inundation, flow rate of water, and the concentration of nutrients and 
toxins in soil (Kirk, 2004). Higher temperatures may facilitate higher NPP rates but they 
also increase the rate of decomposition, speeding up both aerobic and anaerobic 
respiration (Dise, 2009; Kirk, 2004). Conversely, lower temperatures may be conducive to 
lower NPP rates but decomposition via respiration occurs at a slower rate (Kirk, 2004; 
Dise, 2009). Frequency of inundation, rather than duration, generally has a more profound 
effect on oxygen availability and the supply of nutrients and toxins to wetland systems 
(Kirk, 2004), although, mortality for some wetland plant species can be caused by 
prolonged inundation (Rogers and Ralph, 2012).  The availability of nitrogen and 
phosphorus affects NPP; the mineralisation of organic nitrogen and phosphorus (as 
components of plant litter and other organic matter) is a major source of these important 
nutrients (Verhoeven, 2009). Open systems receiving external inputs from floodwaters 
tend to have higher levels of NPP when periodic flooding provides a source of nutrient 
rich sediment, whilst also flushing out toxins such as aliphatic and phenolic acids 
associated with the decomposition of organic material in inundated soils, and high 
concentrations of iron in the soil solution as Fe2+, especially in association with the 
breakdown of acid sulfate soils (Kirk, 2004). However, variable hydrological regimes are 
conducive to faster rates of decomposition, whilst greater rates of organic matter 
accumulation are correlated with prolonged inundation and stagnant water (Kirk, 2004).  
 
The high rates of NPP and low rates of decomposition, characteristic of wetland 
ecosystems, make them ideal terrestrial carbon sinks (Kirk, 2004). The plant species that 
occur in semi-arid wetlands are often adapted to their highly variable hydrological 
regimes (Rogers and Ralph, 2012; Leigh et al., 2010). The flooding of semi-arid floodplains 
is generally followed by dramatic increases in rates of NPP (Bunn et al., 2003). Periods of 
drought can cause the mortality of flood dependent species and may result in shifts in 
vegetation community composition, when invasive drought tolerant species colonise 
previously inundated areas (Bowen and Simpson, 2010). 
2.1.4 Decomposition 
 
The decomposition of plant litter involves the breakdown of organic carbon and nutrients 
into smaller, simpler inorganic and organic compounds, which can be metabolised by 
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decomposer microorganisms for energy (Bridgham and Lamberti, 2009). Furthermore, 
humification is an important process in which over time, plant components are 
repeatedly cycled by microorganisms into simpler compounds until reactive phenolic and 
quinone compounds are formed (Brigham and Lamberti, 2009). These reactive compounds 
combine with amino acids in self-condensation reactions to form stable soil organic 
compounds collectively known as humus, high in nitrogen content and molar mass, and 
low in biodegradability (Bridgham and Lamberti, 2009). 
 
The chemical quality of plant litter has a strong influence on decomposition and 
mineralisation rates; thus, there is a direct link between the species composition of 
wetland vegetation and the nature of decomposition and mineralisation (Verhoeven, 
2009). Plant litter quality ranges from readily decomposed matter such as cytoplasm 
derived molecules and cellulose with half-lives in the order of days – years, to very stable 
matter, such as lignin and wax compounds with half-lives in the order of several years 
(Swift et al., 1979). The accumulation of significant amounts SOC is generally related to 
the formation of refractory SOM under anaerobic conditions (Rodriguez-Murillo et al., 
2011) 
2.1.5 Anaerobic Decomposition 
 
The low decomposition rates typical of wetlands are a product of the prevailing anaerobic 
conditions; this occurs when the soil is saturated or inundated and microorganisms 
consume available O2 during respiration (Richardson and Vepraskas, 2000; Kirk, 2004). 
Importantly, the majority of decomposer organisms that can readily decompose more 
stable fractions of soil organic matter (SOM) are obligate aerobes (Verhoeven, 2009). Thus, 
the anaerobic conditions inhibit the ability of these aerobes to decompose the more stable 
fractions of SOM. Anaerobic conditions in soil are more conducive to slower rates of 
organic decomposition than aerobic conditions; this is because reduction (rather than 
oxidisation) processes are dominant and the microorganisms that drive decomposition 
derive less energy per unit of carbon in anaerobic conditions compared to aerobic 
conditions (Kirk, 2004; Richardson and Vepraskas, 2000).  
 
Anaerobic decomposition proceeds sequentially in accordance with a series of electron 
acceptors and a gradient of declining redox potential. Due to soil saturation or inundation, 
oxygen is limiting, thus, the redox potential of the soil decreases and decomposer 
organisms use alternate electron acceptors (Verhoeven, 2009; Kirk, 2004). Initially, in 
oxygen-depleted conditions, organic acids are formed, namely acetic, propionic, butyric; 
other toxins such as aliphatics and phenolics are also formed (Kirk, 2004). Following this, 
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organic acids undergo conversion into gaseous products in a sequence of processes where 
oxidising capacity is provided by nitrate, manganese (IV), iron (III) and sulphate (Figure 2). 
 
When wetland soils are not saturated, for example, during inter-flood dry periods or due 
to geomorphology, oxygen becomes available, facilitating the dominance of aerobic 
processes; detritivore and decomposer organisms derive energy from plant material 
through aerobic respiration (Kirk, 2004; Dise, 2009; Richardson and Vepraskas, 2000). 
Aerobic processes are far more efficient at decomposing organic material; thus, fixed 
carbon sourced from NPP can be released into the atmosphere as CO2 at a faster rate than 
in anaerobic conditions (Kirk, 2004; Dise, 2009; Richardson and Vepraskas, 2000). The 
level of fixed carbon sourced from NPP that is consumed through aerobic respiration 
varies greatly depending on the type of wetland and the local climatic conditions (Dise, 
2009). Generally, this amount is over 50%, but in marshes, swamps and floodplain 
wetlands it can range from 5% to 95%; this is dependent on factors such as flow regime 
and nutrient supply (Dise, 2009). 
 
Figure 2 Diagram showing the stages of decomposition in a typical wetland and the products associated with 
alternative electron acceptors. Source: Keller (2011). 
2.1.6 Wetland Emission Mechanisms 
 
Methane is lighter than air and is only slightly soluble in water; as a result, methane often 
diffuses upwards through sediment to the surface (Figure 3) (Dise, 2009; Brix et al., 2001). 
Ebullition is a common process by which methane is liberated from wetland sediment 
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into the atmosphere, whereby gas bubbles form from volatile solutes in solution, rise 
through the sediment to the surface (Figure 3) (Kirk, 2004; Dise, 2009). Ebullition rates 
are dependent on the volatility of solutes and their concentration in solution (Kirk, 2004). 
Thus, ebullition is associated more with methane rather than carbon dioxide because it is 
approximately 20 times more volatile (Kirk, 2004). Additionally, higher temperature and 
pH levels increase the ratio of methane to carbon dioxide production during 
methanogenesis, partly because higher temperatures are optimal for methanogens (Kirk, 
2004). The ratio of methane to carbon dioxide emissions is also influenced by the level of 
saturation; under prolonged saturation, methane emissions will be dominant; conversely, 
under drier conditions, carbon dioxide emissions will be elevated (Verhoeven, 2009). 
Methane oxidising bacteria present within oxic layers in the soil, such as those associated 
with the rhizosphere or the floodwater-soil interface, can convert methane into carbon 
dioxide, reducing methane emissions (increasing carbon dioxide emissions) (Figure 3) 
(Dise, 2009; Kirk, 2004). The stems and roots of vascular plants can act as conduits for gas 
release into the atmosphere, bypassing sediment (Figure 3) (Dise, 2009). Generally, in 
wetlands dominated by vascular plants, plant-mediated transport is the main mechanism 
by which gases, especially methane, are released into the atmosphere (Brix et al., 2001; 
Dise, 2009).  
 
 
Figure 3 Generalised model of wetland gas emission mechanisms, typical of wetlands dominated by vascular 
plants. Source: Chanton (2005). andStallard, 1994), falli g hydrostatic pressure associated
with variation in river flood stage (Bartlett et al., 1988;De-
vol et al., 1988; Smith et al., 2000) or atmospheric pressure
(Mattson and Likens, 1990; Fechner-Levy and Hemond,
1996; Casper et al., 2000; Glaser et al., 2004). Ebullition
is episodic and thus it is very di!cult to quantify its impor-
tance. Consequently, methane ebullition may be much
greater than is generally thought (Romero et al., 1996;
Glaser et al., 2004). In lakes, ebullitioncandominatemeth-
ane emissions (Casper et al., 2000). In lakes and reservoirs,
methane bubbles originate from the upper portion of the
sediment (Joyce and Jewell, 2003) where methane produc-
tion rates are greatest. Ebullition is more frequent in shal-
low waters (<5 m) where bubbles are released by bottom
currents and surface winds (Keller and Stallard, 1994).
The rates vary seasonally, being lower in winter and great-
er in warmer months (Chanton and Martens, 1988; Mar-
tens and Chanton, 1989; Boon and Sorrell, 1995).
Aquatic plants conduct considerable quantities of
methane as natural wetlands and artificial wetlands (rice
fields) are two of the largest sources of methane in the
atmosphere (Cicerone and Oremland, 1988; Reeburgh,
2003). Many emergent aquatic macrophytes have large
interior open spaces, termed lacunaeor aerenchyma,with-
in their culms, stems or petioles (Dacey, 1981a,b). These
plants release methane from the sediments while trans-
porting oxygen to support the respiration of their roots
and rhizomes, which often live in organic-rich anoxic sed-
iments and soils (Schutz et al., 1991; Chanton andDacey,
1991; Shannon and White, 1994; Shannon et al., 1996;
King et al., 1998). In comparisons of vegetated areas with
adjacent non-vegetated areas, it has been found that
plants generally transport 10 times the amount of CH4 rel-
ative to the non-vegetated interface (Whiting et al., 1991;
Whiting and Chanton, 1992; Happell et al., 1993).
Ventilation of CH4 by plants can a"ect gas transport
mode by reducing methane partial pressures within the
flooded soil or sediment in which they are rooted. Where
plants are present, pore water methane concentrations
are roughly 50% lower due to plant ventilation of the
soil and this in turn reduces the methane concentration
gradient out of the soil, reducing di"usive flux (Wilson
et al., 1989; Chanton et al., 1989; Chanton and Dacey,
1991). Another e"ect of reducing pore water CH4 con-
centrations is to reduce CH4 bubble concentration and
total bubble volume, both of which reduce ebullition
rates. Thus, if vascular emergent macrophyte plants in-
habit a wetland, plant transport will be the primary
mechanism of CH4 transport from the wetland (Van
der Nat and Middelburg, 1998). In vegetated areas,
CH4 transport is dominated by plants while in non-
vegetated ones CH4 transport is dominated by ebullition
and di"usion (Kaki et al., 2001; Tyler et al., 1997; Boon
and Sorrell, 1991). Macrophyte population is controlled
Fig. 1. The three mechanisms of gas transport from wetlands are by emergent aquatic plants, by ebullition and by molecular di"usion
(Schutz et al., 1991).
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2.2 Stable Carbon Isotopes 
 
Determining the source of carbon inputs in wetland ecosystems provides insight into 
ways that wetland carbon sequestration can potentially be maintained or enhanced. For 
example, in wetlands where major inputs from in situ vegetation (autochthonous carbon) 
are dominant, sound management of wetland vegetation may serve as an effective 
measure in order to enhance carbon sequestration. In wetlands receiving significant 
external inputs of carbon (allochthonous carbon), the improvement of management 
practices at the source, for example upstream, may be the most effective measure to help 
enhance carbon sequestration. Such investigations can be achieved through stable carbon 
isotope analysis (see Saintilan et al., 2013). Naturally occurring variations in stable carbon 
isotopes can be studied in order to investigate sources of carbon and decomposition 
dynamics (Michener and Lajtha, 2007).  
 
The two most common stable isotopes of carbon are 12C and 13C, with natural abundances 
of 98.892% and 1.108% respectively (Michener and Lajtha, 2007). The relative mass 
difference between 12C and 13C is 8.3%, which is easily detected by analytical instruments 
(Michener and Lajtha, 2007). Because the differences in isotopic composition of natural 
materials are often very small, they are reported relative to internationally recognised 
standards as the deviation from the standard in parts per thousand (Michener and Lajtha, 
2007).  
 
Natural variations in soil carbon stable isotopes can largely be attributed to differences in 
photosynthetic pathways of plants contributing to soil (Michener and Lajtha, 2007). Plants 
contain less 13C than the atmospheric CO2 that they use during photosynthesis (Michener 
and Lajtha, 2007). The depletion of 13C in plants is a result of enzymatic and physical 
processes that favour 12C over 13C; the level at which this discrimination occurs is 
dependent on the type of photosynthetic pathway used by the plant (Michener and 
Lajtha, 2007). The isotopic composition differs consistently and profoundly between the 
Calvin Cycle (C3), Hatch-Slack (C4) and the Crassulacean Acid Metabolism (CAM) 
photosynthetic pathways (Michener and Lajtha, 2007).  
 
C3 and C4 pathways both have the same initial step: diffusion of CO2 from the atmosphere 
via the stomata into the leaf, this results in relatively small fractionation due to the slower 
motion of the heavier 13C in the atmospheric CO2 molecules (Michener and Lajtha, 2007). 
The difference between C3 and C4 pathways occurs in the main biochemical steps of 
photosynthesis where the C3 pathway uses a carboxylating enzyme called ribulose 
 14 
bisphosphate carboxylase/oxygenase (rubisco), whilst the C4 pathway uses 
phosphenolpyruvate (PEP) carboxylase (Michener and Lajtha, 2007). Each enzyme 
preferentially uses 12C over 13C at a different level. Additionally, C4 compounds produced 
during synthesis are transported to and catabolised to C3 compounds inside a cylinder of 
vascular tissue within the centre of the leaf called the bundle sheath (Michener and 
Lajtha, 2007). This process produces CO2, which accumulates in high concentrations 
within the bundle sheath and is refixed by the C3 enzyme, rubisco, preferentially using 12C 
over 13C. Losses of 13C occur due to slow leaking from the bundle sheath of 13C enriched CO2 
(Michener and Lajtha, 2007).  
 
Soil organic matter (SOM) decomposition leads to the decrease in the concentration of soil 
carbon, leaving progressively older carbon that over time forms a relatively stable, 
refractory carbon pool (Ehleringer et al., 2005). This is partially why the rate of soil 
organic matter decomposition decreases with increasing soil depth (Paul et al., 1997). 
Throughout the literature, there is a widely reported trend of 13C enrichment of SOM down 
profile correlated to increasing soil depths or along continuums of SOM fractions that are 
in progressively more mature states of decomposition (Ehleringer et al., 2000; Garten et 
al., 2007, as reported in: Michener and Lajtha, 2007). Possible explanatory mechanisms for 
these trends include:  
 
1.  Decreases of 13C abundance in atmospheric CO2 molecules due to increased 
anthropogenic emissions of 13C deficient CO2 since the Industrial Revolution 
(Elheringer et al. 2000; Garten et al. 2007).  
2.  Microbial fractionation during organic matter decomposition (Garten et al. 2007; 
Elheringer et al. 2000).  
3.  Mixing of new C inputs with older SOM that has a different isotopic signature 
(Garten et al. 2007).  
4.  Preferential decomposition of 12C (discrimination against 13C by microorganisms), 
i.e. residual SOM is enriched in 13C (Garten et al. 2007; Elheringer et al. 2000). 
 
2.3 Wetland SOC Quantification 
 
Badiou et al., (2011) compared the differences in organic carbon store, CH4 and N2O 
emissions between restored and intact reference prairie pothole wetlands in Canada. They 
demonstrated that there are opportunities for wetland restoration and conservation as a 
means of promoting carbon sequestration with inherent ecological benefits. Badiou et al., 
(2011) found that SOC density in the reference wetlands (205 Mg C/ha) was significantly 
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greater than that of newly restored (< 5 years) wetlands (121 Mg C/ha) and long-term (> 5 
years) restored wetlands (165 Mg C/ha), which corresponded with the re-establishment of 
wetland vegetation and increased ecosystem function. These findings are concurrent with 
Soussuna et al., (2004), noting that carbon accumulation increases rapidly in a non-linear 
fashion following restoration. Increased CH4 emissions were correlated with higher water 
levels, creating anaerobic conditions conducive to methanogenesis (Badiou et al., 2011). A 
dilution effect resulting from higher water levels was also observed, whereby reduced 
concentrations in major cations, anions and nutrients as a result of dilution inhibit 
methanogenesis (Badiou et al., 2011).  
 
These observations were consistent with Pennock et al., (2010), who noted that CH4 
emissions decreased as sulfate concentration increased, and Phipps (2006), who observed 
rapid increases in CH4 emissions associated with increased spring runoff and 
corresponding sulfate depletion. However, the study by Badiou et al., (2011) only 
measured CH4 and N2O from soil by means of diffusion, and did not measure GHG 
production from vegetation and ebullition, sources that can significantly contribute to 
GHG flux (Dise, 2009; Brix et al., 2001). Also, the study by Badiou et al., (2011) does not 
account for CO2 emissions; Page and Dalal (2011) note the lack of studies that incorporate 
concurrent measures of CO2, CH4 and N2O, information that would be key to understanding 
the complexity of processes that determine to the carbon flux of wetland ecosystems. 
 
Modelling approaches have been taken in order to investigate carbon dynamics within 
wetlands. For example, Coletti et al., (2013) developed a model that incorporated 
hydrology, vegetation and microbial biomass in order to investigate and quantify how 
changes in climate affect the carbon metabolism of arid and semi-arid wetland 
ecosystems in south-west Western Australia. Coletti et al., (2013) noted the disparity 
between belowground and aboveground organic carbon allocation during periods when 
water is limiting, suggesting that vegetation is likely to respond quicker than SOC to 
changes in hydrological condition. 
 
2.3.1 Aboveground Biomass Quantification of Phragmites australis 
 
Allometric relationships are commonly employed in the estimation of aboveground 
biomass of plant communities (see Thursby et al., 2002). Given that wetland grasses such 
as P. australis can often have high variability in biomass, large numbers of replicates are 
generally required for analysis (Thursby et al., 2002). Thursby et al., (2002) developed a 
rapid and primarily non-destructive method for quantifying the aboveground biomass of 
 16 
P.australis and Spartina alterniflora reedbeds, capable of producing large amounts of 
replicate data required for statistically robust analysis. Since the height of a shoot 
correlates with the dry mass of a shoot, the average height of shoots within a quadrat 
correlates with the dry mass of the reeds within the quadrat (Thursby et al., 2002). Earlier 
studies, (Morrris and Haskin 1990), used similar methods but measured the height of each 
shoot within a quadrat. By averaging the height of shoots within a quadrat, the method 
employed by Thursby et al., (2002) considerably reduces the time required to measure an 
appropriate number of replicates. 
 
Vretare et al., (2001) tested the phenotypic responses of P. australis in biomass allocation 
and morphology in relation to water depth and fluctuation. P. australis reeds in deeper 
water, compared to reeds in shallow water had proportionately less biomass allocated 
below-ground, fewer but taller stems, and rhizomes located close to the surface of the 
substrate (Vretare et al., 2001). Reeds experiencing constant water depths had faster 
growth rates than reeds experiencing fluctuating water depths (Vretare et al., 2001). This 
study demonstrates that P. australis acclimatises functionally to specific water depths 
(Vretare et al., 2001). Although P. australis clones can dominate large expanses, they can 
have considerable phenotypic responses to habitat conditions, especially water depth. 
Zhou et al., (2012) used regression analysis to demonstrate that biomass accumulation 
relationships between leaves, stems and lateral shoots of P. australis are allometric and 
that different components of reeds have different biomass accumulation rates in different 
habitats. Thus, different regressions may be necessary for different areas within reedbeds 
in order to account for the phenotypic plasticity of P. australis.  
 
2.3.2  Soil Organic Carbon Analysis Methods 
 
Laboratory techniques are usually employed to measure SOC in samples collected from 
the field; three main methods are favoured, dry combustion (DC), ‘loss on ignition’ (LOS) 
and wet combustion. DC uses automated carbon analysers to analyse samples; all of the 
sample carbon is thermally oxidised to carbon dioxide in an oxygenated heating column 
at a temperature of at least 900 ˚C (Campos, 2010; Zgorelec et al., 2011). The evolved 
carbon dioxide is measured with a thermal conductivity detector (Zgorelec et al., 2011). 
This method completely decomposes all carbonates; if required analysis is only for 
organic carbon, samples containing carbonates must be acid washed in preparation to 
remove the carbonates prior to analysis (Campos, 2010; Zgorelec et al., 2011). DC and the 
measurement of evolved carbon dioxide is considered the most accurate and precise 
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method for soil carbon analysis; the main negative is the high cost of analysis instruments 
(Campos, 2010). 
 
The LOI method is based on measuring the weight loss from a dry sample after heating to 
temperatures of 360 – 600 ˚C (Campos, 2010). The weight loss is considered proportional 
to the SOC present in the sample (Campos, 2010). The major consideration with LOI is that 
carbonates present in the sample can be liberated during heating; overestimation of 
carbon can occur if samples are not treated for carbonate prior to analysis (Bryers et al., 
1978 and Rowell, 2000). Overestimation of carbon can occur when water is liberated from 
the sample (Rowell, 2000; Koide et al., 2011). However, drying (at 105 ˚C) and weighing 
the sample prior to analysis can reduce this error. However, in some clay minerals, 
hygroscopic and intercrystalline water can remain after sample preparation and become 
liberated during analysis, resulting in overestimation of SOC (Campos, 2010). If samples 
are of similar source and content, dried correctly, treated for carbonates or contains no 
carbonates, then LOI can be suitable routine analysis (Koide et al., 2011).  
 
Wet combustion, commonly known as Walkley-Black titration (WB-T), involves the use of 
potassium dichromate in concentrated sulfuric acid to oxidise SOC (Campos, 2010). The 
WB–T method is regarded as more accurate than LOI and is widely used for routine soil 
carbon analysis (Rowell, 2000), however, there is growing concern with waste produced 
such as strong acid and chromium (Campos, 2010; Rowell, 2000). Analytical problems can 
occur if samples contain high concentrations (> 0.4 – 0.5%) of mineral reducing 
compounds such as Fe2+ and chloride salts, resulting in non-quantitative reactions 
(Zgorelec et al., 2011).   
2.4 Study Area - Macquarie Marshes  
 
The Macquarie Marshes in NSW, Australia form one of the largest and most ecologically 
significant inland floodplain wetland systems in Australia, with parts of the marshes 
internationally recognised and protected since 1986 under the Ramsar Convention of 
1971 (OEH, 2012b). The headwaters of the Macquarie River start in the central highlands 
of NSW near the town of Bathurst, draining the western side of the Great Dividing Range 
(Ralph and Hesse, 2010), flowing approximately northwest into the partly confined mid-
catchment setting near Wellington. The Macquarie River enters a lower-catchment 
alluvial floodplain setting near Narromine (Figure 4). 
 
When considering opportunities to enhance carbon sequestration in natural ecosystems, 
the Macquarie Marshes are highly relevant; despite their ecological significance, the 
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Macquarie Marshes have a history steeped in anthropogenic regulation and modification, 
mainly for the benefit of agriculture (Kingsford, 2000; OEH, 2012b). Thus, there are 
opportunities for improved management, restoration and conservation of this degraded 
landscape, which may have inherent benefits for carbon sequestration. 
2.4.1 Geomorphology 
 
The Macquarie Marshes is an area characterised by anastomosing channels, distributary 
development and extensive channel breakdown, where the downstream decline in stream 
power has led to the formation of distributary channels and broad, low-energy wetlands, 
set on a low gradient alluvial floodplain (Ralph and Hesse, 2010; Yonge and Hesse, 2009). 
The core areas of the Macquarie Marshes are estimated to have formed between 6000 to 
8000 years ago (Yonge and Hesse, 2009). The Macquarie Marshes are a dynamic 
landscape, with an extensive history of fluvial change driven by climate and hydrology 
over a variety of time scales; formation and abandonment of channels and marshes has 





Figure 4. The Macquarie Catchment, NSW, Australia. Source (OEH 2012) 
2.4.2 Climate 
 
The climate of the Macquarie Marshes is comparable to that of Quambone, which is 
located directly east of the marshes. Quambone has a mean maximum temperature of 
26.2 ˚C and a mean minimum temperature of 12.0 ˚C (from 1907 – 1975) (BoM, 2013). The 
mean annual rainfall for Quambone from 1907 - 2013 is 448.5 mm with the highest levels 
of rainfall occurring in January and lowest levels occurring in August (BoM, 2013). On 
average, Quambone has only 45.3 days per year where it receives rainfall of at least 1 mm 
(BoM, 2013). The magnitude of rainfall events is highly variable; annual rainfall at 
Quambone ranges from 126 mm in 2002 to 1022.8 mm in 1950 (BoM, 2013). 
 
The Macquarie Marshes are largely dependent on water from the upper Macquarie 
Catchment rather than the local rainfall (OEH, 2012). In the Macquarie Catchment, the 
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highest amount of rainfall is received at the headwaters in the Great Dividing Range near 
the town Oberon (OEH, 2012b). The lower Macquarie Catchment is characterised by lower 
rainfall and higher levels of evaporation (OEH, 2012b). Thus, water reaching the 
Macquarie Marshes from the upper catchment is far less in quantity. The Macquarie River 
has a natural history of intra-seasonal, inter-annual and inter-decadal hydrological 
variability (OEH, 2012b). Large flow events at the Oxley gauge (just upstream of the 
Macquarie Marshes) coincide with positive Southern Oscillation Index (SOI) values and 
negative Inter-decadal Pacific Oscillation Index (IPOI) values (OEH, 2012b) (Figure 5) 
 
Figure 5 Graph showing correlations between annual discharge at Oxley gauge (upstream of Macquarie Marshes), 
the Southern Oscillation Index (SOI) and the Inter-decadal Pacific Oscillation Index (IPOI). Source: OEH (2012b). 
2.4.3 Hydrology 
 
The Macquarie River, fed by the Fish, Cudgegong, Bell, Little and Talbragar Rivers, is the 
primary fluvial source of water to the Macquarie Marshes (OEH, 2012b). The Macquarie 
River diverges into three creek systems before reaching the Macquarie Marshes at 
Marebone Break: Bulgeraga Creek, Gum Cowal/Terrigal Creek and Long Plain Cowal Creek 
(OEH, 2012b). 
 
Early explorer accounts of the Macquarie Marshes highlight the highly variable flow 
regime of the Macquarie River; in 1818, John Oxley noted the presence of vast, near-
impenetrable reedbeds and expanses of open water; only a decade later in 1828, Charles 
Sturt describes the Macquarie Marshes as predominantly dry, and the Macquarie River as 
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diverging into numerous small channels (Paijmans, 1981). The installation of Burrendong 
Dam in 1967 and various other regulatory structures such as smaller dams, weirs, levees 
and diversion channels have greatly reduced the frequency and magnitude of flood events 
and eliminated periods of very low to zero flow (due to permanent base flows), thus, 
reducing the variability of flows into the Macquarie Marshes (Paijmans, 1981; Kingsford, 
2000; Kingsford and Thomas, 2004; Ralph and Hesse, 2010). Base flows into the 
Macquarie Marshes have contributed to the erosion and deepening of river channels, 
further reducing the amount of overbank flows onto the floodplain (Bell et al., 1983; 
Ralph and Hesse, 2010). 
2.4.4 Environmental Water Allocations  
 
The Macquarie River experiences flow regulation typical of Australian inland rivers; 
Burrendong Dam established in 1967, regulates 70% of the river flow into the Macquarie 
Marshes (Kingsford, 2000). Additionally, smaller dam and weir construction, 
channelisation, levee construction, land clearing and overgrazing, have significantly 
changed the hydrology, morphology and ecology of the Macquarie Marshes (OEH, 2012b; 
Kingsford, 2000). In 1969, the first wildlife allocation of water in NSW was established for 
the Macquarie Marshes (Brock, 1998). Initially, this allocation was set as 18 500 ML, the 
volume determined by estimating the amount needed to fill the northern part of the 
Macquarie Marshes with the intent of preserving a minimum area for bird breeding 
(Brock, 1998). Later in 1985, the allocation was increased to 50 000 ML; these wildlife 
water allocations were delivered at the request of the National Parks and Wildlife Service 
(NPWS) and lacked any sort of backing by ecological principles (Brock, 1998).  
 
In order to improve and maintain the condition of the Macquarie River and its associated 
ecosystems, ‘environmental flows’ were first delivered to the Macquarie River in 2004 via 
one of its major tributaries, the Cudgegong River (OEH, 2012b). These water allocation 
contrast considerably to prior allocations, especially in terms of scientific backing and 
design. The 2011 – 2012 strategy for environmental watering in the Macquarie Marshes 
developed by NSW OEH aimed to inundate 50 000 ha of semi-permanent wetland to 
promote ecological health (OEH, 2012a). OEH (2012a) determines the effectiveness of 
these environmental watering events by measuring and monitoring the following 
variables: the extent and duration of water inundation; the extent and condition of key 
vegetation communities; and the faunal responses of key waterbird, fish and frog species 
to environmental watering. There is an opportunity to include the promotion of carbon 
sequestration as a key objective, and an indicator of success, in environmental water 
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management; such an inclusion would be an important step in developing carbon 




The Macquarie Marshes are occupied by an array of vegetation communities, which are 
distributed throughout the floodplain as mosaics of both terrestrial and aquatic 
communities (Bowen and Simpson, 2010). These vegetation communities are dependent 
on varying degrees of inundation regime, geomorphology and substrate (Bowen and 
Simpson, 2010). This is an important consideration in this study in terms of SOC sources, 
considering changes in vegetation community extent and type are a common occurrence. 
Major plant species that occur in the Macquarie Marshes include: 
 
Eucalyptus camaldulensis (River Red Gum), which is a floodwater dependent species but 
also, sources water from direct rainfall, groundwater and channel water (Rogers and 
Ralph, 2010).  
 
Typha orientalis and Typha domingensis (Cumbungi), an emergent plant species that 
grows to heights of up to 3 m, widely distributed throughout wetlands within the 
Murray-Darling Basin (Rogers and Ralph, 2010; Paijmans, 1981).  
 
Chenopodiaceae, Chenopod shrubs are small (1.5 m in height) perennial shrubs that 
commonly occur on the drained high ground of the Macquarie Marshes (Paijmans, 1981). 
Additionally, chenopod species invasively colonise amphibious wetland communities 
during periods of drought within the Macquarie Marshes (Bowen and Simpson, 2000). 
Bowen and Simpson (2000) consider the dominance of invasive terrestrial chenopod 
species in amphibious wetland communities within the Macquarie Marshes as a primary 
indicator of change from benchmark condition. 
 
Phragmites australis (Common Reed), which is a perennial grass that is mainly distributed 
in temperate regions, within and in proximity to waterways and wetlands, forming large 
mono-specific stands (Haslam, 2003; Sainty and Jacobs, 2003, in: Rogers and Ralph, 2010). 
P. australis primarily reproduces asexually (vegetative expansion), forming sizeable 
reedbeds; sexual germination by seed  is generally only significant in terms of colonising 
new areas (Haslam, 2003; Rogers and Ralph, 2010), progressively becoming dominated by 
one or two clones that are best adapted to the inherent site conditions (Koppitz and Kuhl, 
2000). In an ecological survey of the Macquarie Marshes, Paijmans (1981) noted the 
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resilient nature of P. australis, stating that reedbeds can survive in a spectrum of 
conditions from periods of prolonged inundation to years of drought. Typically, stands of 
P. australis have great stability and abundance; acres of reedbeds are capable of persisting 
clonally for very long periods of time (Haslam, 2003).  
2.5 Summary of Key Points 
 
Given the significance of wetlands in the global carbon cycle, their importance in regards 
to climate change is high and growing in status. The potential for enhanced carbon 
sequestration by means of restoration and conservation of wetlands as a GHG mitigation 
strategy is also receiving more focus. In order to achieve these outcomes through 
vegetation and water management, more information is required about carbon dynamics 
within wetlands. In semi-arid wetlands such as the Macquarie Marshes, changes to soil 
carbon in response to changes in inundation and vegetation are largely speculative. 
Investigating these dynamics is essential in order to develop carbon quantification 
methods to aid carbon sequestration management in wetlands. Whilst there is an 
abundance of information regarding soil carbon in wetlands, there is a relative lack of 
study of carbon dynamics in floodplain wetlands with highly variable flow regimes. This 
study will assist in addressing these knowledge gaps. 
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3  Methods 
3.1 Study Area – Macquarie Marshes 
 
The Macquarie Marshes (30˚ 45’ S, 147˚ 33’ E) are a complex of anastomosing channels and 
floodouts, swamps, lagoons and floodplain wetlands located in the lower Macquarie 
catchment of the Murray-Darling Basin, NSW, Australia (Ralph and Hesse, 2010, OEH, 
2012b). The extent of the Macquarie Marshes is quite variable, consisting of permanent 
and ephemeral wetlands of approximately 150 000 ha in size during larger floods (OEH, 
2012b). The Macquarie Marshes occur within a large alluvial floodplain in a semi-arid 
setting, with an average annual rainfall of 432 mm (Ralph et al., 2011); additionally the 
Macquarie Marshes receive water from the middle and upper Macquarie catchment via 
the Macquarie River (Yonge and Hesse, 2009; Ralph and Hesse, 2010). 
!
3.2 Site Selection 
 
Study sites were located at lower Monkeygar Creek/Willancorah Swamp (LMC) and the 
Southern Nature Reserve (SNR) within the Macquarie Mashes (Figure 6). Two separate 
reedbed communities were chosen for sampling, each representing different degrees of 
inundation and persistence (Bowen and Simpson, 2010).  
 
3.2.1 Lower Monkeygar Creek (LMC) (Transect AB) 
 
The northernmost site, LMC, is located at the intersection of lower Monkeygar Creek and 
Gibson’s Way, just north of the SNR (Figure 6). At this site, Monkeygar Creek flows into 
the southern end of Willancorah Swamp, breaking down into a wide and shallow 
anastomosing channel. Willancorah Swamp is characterised by extensive and persistent 
reedbeds of P. australis (Figure 7); these reedbeds have persisted through extensive 
drought, including the drought from 2003 – 2008 (Bowen and Simpson, 2010). This area is 
regularly inundated, indicated by the presence of the perennial grass Typha orientalis and 
Typha domingensis (OEH 2012b; DECCW, 2010). Samples were collected across the 
channel (transect AB), starting from the east edge of the channel, working westwards to 
the opposite edge of the channel. 
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Figure 6 Map showing both study sites: the SNR, upstream to the south; and LMC, downstream to the North. 
Source: ArcGIS Online Basemaps (2013). 
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3.2.2 Southern Nature Reserve (SNR) (Transects CD and EF) 
 
The southernmost site is located within the Southern Nature Reserve, where the Northern 
Bypass Channel branches from Monkeygar Creek (Figure 6). The reedbeds in the SNR rely 
on overbank flow from Monkeygar Creek; hence they are less resistant to drought 
conditions and are less persistent than the reedbeds at Willancorah Swamp; this is 
demonstrated by vast decreases in reedbed extent between 1991 and 2008 (Bowen and 
Simpson 2010). These reedbeds were in a relatively poor state at the time of sampling and 
most likely would have last been inundated by overbank flow from the flooding events of 
2010-11 and 2011-12 (OEH, 2012a) (Figure 7). Samples at this site were taken in the 
extensive reedbeds, adjacent to Monkeygar Creek and the Northern Bypass Channel 
(transect CD) (Figure 6).  Additional samples were taken further away from the channel 
amongst sparse dead stands of P. australis (transect EF) (Figure 7).  
 
Figure 7 (A) Reedbeds at LMC; (B) Reedbeds at SNR; cores in transect CD were located several metres in from 
the edge; (C) Transition from reedbeds (right) to terrestrial plants (left); (D) Front-on view of reedbed transition; 






3.3 Soil Sampling 
 
Soil sampling was conducted along all three transects at each of the study sites. A 1 m 
deep core was taken using a motorised percussion coring machine; a 1 m depth was 
chosen in order to investigate carbon dynamics at depth; also this depth is consistently 
documented throughout the literature where samples below the soil surface are required 
(see e.g., Saintilan et al., 2013; Badiou et al., 2013; Cotching, 2012). Cores were located at 
100 m intervals along transect A – B in Willancorah Swamp in order to cover the extent 
and variation in water depth within the channel. Cores were located at 50 m intervals 
along transects C – D and E – F in the Southern Nature Reserve in order to cover the 
variation along the channel. From each core, four subsamples were taken at the following 
depths: 0 – 10 cm, 20 – 30 cm, 50 – 60 cm, and 80 – 90 cm. Some soil cores experienced 
compaction below 80 cm, in which case, substitute samples were collected higher in the 
core (70 – 80 cm). Samples were bagged and labelled accordingly, then kept in cold 
storage at 3 – 5 ºC until further analysis.  
3.4 Aboveground Biomass Sampling 
 
To determine the aboveground biomass of P. australis at the study sites, a primarily non-
destructive sampling technique adapted from Thursby et al., (2002) was employed. P. 
australis was chosen as a representative species given its high abundance, wide 
distribution and persistence throughout the Macquarie Marshes (Wen et al., 2012; Bowen 
and Simpson, 2010; OEH, 2012b). This sampling technique is comprised of two phases, a 
calibration (destructive) phase and an application (non-destructive) phase. In the 
calibration phase, a mass vs. height relationship is established; in the application phase, 
height and density measurements are obtained and applied to the relationship. The entire 
technique was separately applied at each site to account for differences between the 
reedbed communities.  
3.4.1 Calibration Phase 
 
The calibration phase was carried out in two steps: 
 
Step 1. 50 - 100 P. australis shoots, covering a range of heights, at each site were collected, 
measured (to the nearest 0.5 cm) and bagged. The shoots were dried at 60 ºC for 48 hours 
until a constant weight was reached (to the nearest 0.1 g). Based on analysis of the best fit 
to the data, a curve relationship was established between mass and height.  
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Step 2. Five quadrats of (0.5 m x 0.5 m) were randomly chosen along each transect, 
covering a range of heights. At each quadrat, the height of the five tallest shoots was 
measured; the shoot density of the quadrat was also recorded and all shoots were 
collected, bagged, dried and weighed as per Step 1. The average height from the five 
tallest shoots, from each quadrat, was compared against the relationship established in 
Step 1 to derive a mass. The derived mass was multiplied by the shoot density, which gave 
an estimate of the mass of plant material in each quadrat. These mass measurements 
were overestimates, given that the average heights of the tallest five shoots were used. To 
correct these overestimates, the true mass of the quadrats was plotted against the 
overestimated mass; this yielded a correction factor to use in the next phase of sampling. 
 
3.4.2 Application Phase 
 
The application phase was carried out in two steps: 
 
Step 1. At each core located in transects A – B and E – F, four quadrats (0.5 m x 0.5 m) 
were randomly chosen within a 2 m radius from the core. The height of the five tallest 
shoots and the shoot density were recorded for each quadrat. 
 
Step 2. The average height of the five tallest shoots from each quadrat was applied to the 
original height and mass relationship to determine the average shoot mass; this mass was 
multiplied by the shoot density of the corresponding quadrat to yield an overestimated 
quadrat mass. To determine the corrected mass for each quadrat, the correction factor 
was applied to the overestimated mass values. 
 
3.5 Laboratory Analysis  
3.5.1 Soil Bulk Density 
 
The dry bulk density of soil samples was determined by oven drying the samples at 60 ˚C 
until constant weight. Dry bulk density (g/cm3) was estimated as the ratio between dry 
mass (g) and wet sample volume (cm3). Large soil aggregates were broken down by hand 
within each sample bag in order to aid drying. 
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3.5.2 Soil Organic Carbon and !13C Carbon 
 
Dried sediment core samples were coned and quartered to avoid systematic error within 
samples (Tan 1996). Subsamples for each core were taken from quartered samples and 
ground to a fine powder (< 250 µm) using a Retsch vibrator mill. Powdered and 
homogenised sediment samples were loaded into tin capsules and analysed with a 
continuous flow isotope ratio mass spectrometer (CF-IRMS) at the Australian Nuclear 
Science and Technology Organisation (ANSTO) in Lucas Heights, NSW, Australia. The data 
was normalised with a two point calibration, using standards that bracket the analysed 
samples. Two quality control references, Elem Micro B2042 for % C and IAEA USGS-40 for 
!13C, were included in each run of analysis using standard reference materials. The results 
are accurate to 1% of the actual value for % C and ± 0.3 per mill for !13C. Carbon Isotope 
ratios are reported as !13C, which was calculated as: 
 
!13C = Rsample - Rreference / Rreference 
Where R = 13C/12C 
 
The majority of samples were not acid washed as the presence of carbonates in Macquarie 
Marshes sediment was expected to be negligible (see Mazumder et al. 2010). However, 
fifteen replicate samples covering the range of depths and transect locations were 
selected for acid washing in order to remove any carbonates that may be present; these 
samples were analysed for % C and !13C t confirm the absence of carbonate. 
 
3.6 Statistics and Calculations 
 
3.6.1 Statistical Methods 
 
Initial assessments were employed to determine the distribution of data. Standard least 
squares and generalised linear model analyses were employed to investigate relationships 
between: 
1. P. australis reedbed characteristics and study sites; 
2. Bulk density, % C, !13C, and C density measures; soil depth, and site location.  
 
Matched pairs analyses were employed to test differences between: 
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1. % C and !13C of untreated and acid washed soil samples 
2. !13C values for soil and !13C values from reference plant samples, from this study 
and data from Mazumder et al., (unpublished data) (Table 1). 
 
Table 1 !13C values for reference plant samples. * Indicates source: Mazumder et al., (unpublished data). 
 
 
Post-hoc analyses were carried out using Tukey’s HSD test. All statistical analyses in this 
study were carried out using a significance level of ! = 0.05. 
3.6.2 NDVI Calibration 
 
Normalised Digital Vegetation Index (NDVI) is a dimensionless radiometric measure that 
serves as an indicator for the relative abundance and productivity of vegetation (Wen et 
al., 2012). NDVI is calculated as the difference between near-infrared and red reflectance 
values, normalised over the sum of the two values (Wilkie and Finn, 1996). 
 
This study used data from Landsat 7 ETM+, which has a spatial resolution of 30 m for the 
required colour bands, to calculate NDVI values for the study area. A relationship between 
NDVI data and aboveground biomass was established by fitting a regression model for the 
aboveground biomass estimates and NDVI data from the date with the highest 
correlation. This model was then used to calculate a raster dataset, with NDVI as the input 
(x) values and aboveground biomass as the output (y) values. The extent of the raster 
layer was based on 2008 vegetation mapping done by Bowen and Simpson (2010). 
Species Location Part !13C SD
P. australis Lower Monkeygar Creek Shoot -25.3 n = 1
P. australis Lower Monkeygar Creek Root -26.9 n = 1
P. australis Southern Nature Reserve Root -26.3 n = 1
P. australis Macquarie Marshes* Leaf -28.0 0.7
P. australis Macquarie Marshes* Root -27.6 0.7
P. distichum Yanga* Root -15.9 1.3
P. distichum Yanga* Shoot -15.3 1.9
Typha sp Macquarie Marshes* leaf -30.1 0.8
Typha sp Macquarie Marshes* root -30.4 0.4
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4 Results and Discussion 
 
The following section presents the results and discussion together, grouped by topic. 
Section 4.1 presents and examines the results and analyses regarding data collected from 
aboveground biomass sampling of P. australis reedbeds, whilst Section 4.2 presents and 
discusses the results and analyses regarding SOC and !13C. Following this, Section 4.3 
discusses correlations between SOC store and reedbed persistence, and examines the 
calibrated NDVI data. Finally, Section 4.4 discusses the findings of this study in the 
broader contexts of relevant literature and environmental water allocations. 
 
4.1 Aboveground Biomass 
4.1.1 Variations in reed characteristics between sites – Calibration Phase 
 
Individual reeds collected in Step 1 of the calibration phase, were significantly taller 
(Table 2: Model B) from transect CD compared to those from transect AB (Table 3). This, in 
addition to the vastly different site conditions of LMC and the SNR, suggests that use of 
separate regressions for each transect was suitable (Figure 8a and b) A significant amount 
of reed mass per shoot was lost during the drying process for both transects (AB: p < 
0.0001, f = 882.6735, CD: p < 0.0001, f = 648.720). On average, 19.7 g of mass was lost per 
reeds from transect AB and 21.1 g per reeds from transect CD. However, some losses of 
water content may have occurred during transit and storage, particularly in terms of 
shoots collected at transect AB, given that the LMC reedbeds were in a state of vigour. The 
dry mass of shoots from transect CD were not statistically greater (Table 2: Model A) than 
the dry mass of shoots from transect AB (Table 3). Also, the dry mass per m was not 
significantly different (Table 2: Model C) between transects AB and CD (Table 3). Despite 
similarities in dry mass, considerably different equations were developed for each 
transect (Figure 8a and b), reflecting the observed differences in reedbed condition and 
differences in distribution from the mean between transects. 
 
In Step 2 of the calibration phase (Figure 8c and d), there was no statistical difference 
(Table 2: Model D) between the height of the tallest five shoots measured in quadrats at 
transects AB and CD (Table 3). An observed difference was found in shoot density 
measures between transects AB and CD; however, this difference was statistically weak 
(Table 2: Model H). Shoot dry mass per m was calculated (rather than measured) for 
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Figure 8 (A and B) Step 1: Power regressions relating shoot height vs. dry mass for P. australis, for transects AB and CD. (C and D) Step 2: Linear regressions for calculated and measured 














quadrats in Step 2 (Table 3); quadrats from transect AB had considerably greater dry mass 
per shoot per m compared to those of quadrat CD (Table 2: Model F); height 
measurements were based on the tallest heights from quadrats, hence the small ratios in 
comparison to Step 1. 
 
Table 2 Results for statistical analyses regarding reedbed characteristics. Bold values indicate statistical 
significance at ! = 0.95. 
 




Transect Height (m) Dry Mass (g) Dry Mass ratio (g/m)
Lower Monkeygar Creek 2.4 22.4 8.9
(AB) 0.4 12.0 3.8
Southern Nature Reserve 2.8 25.8 9.0
(CD) 0.5 11.0 2.8
Tallest 5 Shoots (m) Density (shoots/quadrat) Dry Mass ratio (g/m)
Lower Monkeygar Creek 2.7 48 4.8
(AB) 0.4 !" 0.8
Southern Nature Reserve 2.8 !" 3.5
(CD) 0.7 30 1.3
Tallest 5 Shoots (m) Density (shoots/quadrat) Reedbed biomass (g/m2)
Lower Monkeygar Creek 2.8 62 1660
(AB) 0.3 24 609
Southern Nature Reserve 2.8 72 1378
(CD) 0.5 32 542
Callibration Phase: Step 1
Callibration Phase: Step 2
Application Phase
Model Dependent Variable Effect Variable Distribution Significance (F ratio)
A Step 1: Shoot Dry Mass Transect Normal p = 0.0943 (2.8401)
B Step 1: Shoot Height Transect Normal p < 0.0001 (16.4284)
C Step 1: Shoot Mass per m Transect Normal p = 0.8174 (0.0535)
D Step 2: Shoot Height Transect Normal p = 0.8731 (0.0268)
E Step 2: Shoot Density Transect Normal p = 0.0999 (3.2877)
F Step 2: Shoot Mass per m Transect Normal p = 0.0572 (4.6143)
G Application: Shoot Height Transect Normal p = 0.8605 (0.0312)
H Application: Shoot Density Transect Normal p = 0.1767 (1.8695)
I Reedbed Biomass Transect Normal p = 0.0621 (3.6173)
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4.1.2 Variations in aboveground biomass of P. australis – Application Phase 
 
Measurements of shoot density and the tallest five shoots at each quadrat in the 
application phase did not differ significantly (Table 2: Model K and L) between transects 
AB and CD (Table 3) These values yielded appreciably different (Table 2: Model M) 
biomass estimates for both transect AB (1660 ± 609 g/m2) and CD (1378 ± 542 g/m2), 
reflecting the contrast in observed reedbed conditions between transects AB and CD. 
Estimates of aboveground biomass at both transects were reasonably consistent 
considering the highly variable nature of biomass values recorded throughout relevant 
literature, noted by Vymazal and Kropfelova (2005) (Figure 9). Amongst both sites, 
estimates ranged from 2252 ± 438 g/m2 to 978 ± 310 g/m2. Biomass values from this study 
fit within the mid-range of the data spectrum of relevant literature; low-range values 
included 413 g/m2 from Denmark (Larsen and Schierup, 1981) and 788 g/m2 from a 
constructed wetland in Australia (Adcock and Ganf, 1994), whilst high-range values 
included 9890 g/m2 from a nutrient enriched floodplain wetland in Australia (Hocking, 
1989) and 5070 g/m2 in the Czech Republic (Vymazal and Kropfelova, 2005). High-range 
estimates of P. australis biomass are generally associated with nutrient enriched wetlands 
(Vymazal and Kropfelova, 2005). 
 
The seasonal translocation of biomass in stands of P. australis can be considerable (Asaeda 
et al., 2006). In the lower Murrumbidgee catchment, Murray-Darling Basin, Hocking 
(1989) observed that aboveground biomass in P. australis stands peaked in early May 
(mid Autumn), and belowground biomass peaked in early August (mid Winter). Hence, 
estimates in this study are likely representative of near-peak aboveground biomass as 
sampling for this study was carried out in late April. Vymazal and Kropfelova (2005) 
observed that stands of P. australis reached peak biomass after 3 – 4 growing seasons; 
shoot density in stands decreased after 2 growing season, whilst the length and mass of 
shoots increased. Although the density of shoots (Table 3) from transect CD was not 
statistically greater (Table 2: Model H) than transect AB, the majority of P. australis from 
LMC reedbeds may have persisted through several growing seasons, hence their 
comparatively lower shoot densities and higher mass per height values (Table 3). Given 
the infrequent nature of inundation at SNR, the reedbeds there have likely only survived a 
couple of growing seasons, hence the higher shoot densities and lower mass per height 
values (Table 3). 
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4.2 Soil Organic Carbon 
4.2.1 Acid Wash treatment for carbonates 
 
Matched pairs analyses were carried out on soil samples and their respective acid washed 
replicates. No significant difference was found in % C (p = 0.4007, t-ratio = -0.86675) and 
!13C (p = 0.3078, t-ratio = -1.05828) between acid wash and untreated samples. These 
results indicate that there were negligible amounts of carbonate present in the soil 
samples tested. Based on these analyses, it was assumed that the presence of carbonates 
was negligible for untreated samples. Hence, the following organic carbon results are 
representative of total carbon. 
4.2.2 Soil Bulk Density 
 
Soil dry bulk density increased significantly down-profile at all three transects (Table 4: 
Model M). Bulk density measures were relatively consistent between transects (Figure 
10); no statistical difference was found (Table 4: Model M). 
4.2.3 Variations in % C and C density 
 
Down-profile decreases in % C and C density (Table 5) were detected at all transects (Table 
4: J and K). The most pronounced, and only significant decreases of % C sequentially 
down-profile (Figure 10), occurred between 0 – 10 cm and 20 – 30 cm at all three 
transects (Table 6: Models N, O and P). 
 
Comparisons of % C and C density between transects (Table 5) showed significant 
differences between only transects AB and EF (Table 6: Models Q and R). Although there 
was an observed difference in % C (0 – 10 cm depth) between transect AB and both of the 
SNR transects (CD and EF) (Figure 10; Figure 11), differences in % C were not statistically 
significant at 0 -10 cm depth between all three transects (p = 0.6380). The high p-value for 
this test was most likely due to the relatively high standard deviation of % C values from 
transect AB at 0 – 10 cm depth (Figure 12).!
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Table 4 Results from standard least squares analyses. Bold values indicate statistical significance at ! = 0.95. 




Table 6 Results from Tukey HSD analyses. Bold values indicate statistical significance at ! = 0.95. Full list of 
Tukey HSD analyses in Appendix 1. 
 
Location SOM C Density !13C
(Transect) %C SD (g/cm3) SD ‰ SD
Lower Monkeygar Creek
(AB)
0 - 10 cm 4.4 2.0 0.030 0.005 -26.6 1.4
20 - 30 cm 1.7 1.1 0.021 0.012 -23.2 4.3
50 - 60 cm 1.0 0.5 0.015 0.006 -18.5 5.2
80 - 90 cm 0.6 0.1 0.009 0.003 -17.3 5.7
Carbon Store (0 - 100 cm)
Southern Nature Reserve 
(CD)
0 - 10 cm 2.9 1.0 0.028 0.009 -24.7 1.6
20 - 30 cm 1.4 0.2 0.017 0.009 -24.5 1.0
50 - 60 cm 0.6 0.3 0.010 0.006 -23.0 2.4
80 - 90 cm 0.6 0.2 0.009 0.002 -19.4 4.0
Carbon Store (0 - 100 cm)
Southern Nature Reserve
(EF)
0 - 10 cm 2.9 1.1 0.030 0.011 -24.2 1.1
20 - 30 cm 0.9 0.2 0.012 0.004 -22.8 3.2
50 - 60 cm 0.6 0.3 0.009 0.003 -19.7 3.9
80 - 90 cm 0.4 0.1 0.006 0.002 -18.0 2.5
Carbon Store (0 - 100 cm) 105 ± 13 Mg ha-1
153 ± 13 Mg ha-1
127 ± 18 Mg ha-1
Model Dependent Effect 1 Effect 2 Distribution Whole Model Effect 1 Effect 2 Interaction
J* % C Soil Depth Transect Exponential p < 0.0001 (47.0331) p < 0.0001 (40.6440) p = 0.4526 (1.5853) p = 0.9512 (1.6190)
K C Density Soil Depth Transect Normal p < 0.0001 (11.4082) p < 0.0001 (37.6289) p = 0.0403 (3.3569) p = 0.7414 (0.5848)
L ! 13C Soil Depth Transect Normal p < 0.0001 (5.9094) p < 0.0001 (17.5126) p = 0.1237 (2.1512) p = 0.2987 (1.2347)
M Bulk Density Soil Depth Transect Normal p < 0.0001 (5.5677) p < 0.0001 (17.8796) p = 0.8641 (0.1464) p = 0.4431 (0.983)
* Generalised linear model with a reciprocal link function
Variables Significance (F ratio)
Model Dependent Variable Category 1 Category 2 Significance
N % C AB (0 - 10 cm) AB (20 - 30 cm) p = 0.0012
O % C CD (0 - 10 cm) CD (20 - 30 cm) p = 0.0316
P % C EF (0 - 10 cm) EF (20 - 30 cm) p < 0.0001
Q % C Transect AB Transect EF p = 0.0242
R C Density Transect AB Transect EF p = 0.0326
S !13C AB (50 - 60 cm) AB (0 - 10 cm) p = 0.0004
T !13C AB (50 - 60 cm) CD (0 - 10 cm) p = 0.0271
U !13C AB (50 - 60 cm) CD (20 - 30 cm) p = 0.0405
V !13C EF (50 - 60 cm) AB (0 - 10 cm) p = 0.0069
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Figure 10 Mean SOC percentages for all transects. Error bars show standard error. 
% C levels at transect CD did not differ significantly to transect EF (Table 4: Model J), 
indicating negligible losses in % C as a result of vegetation loss, particularly in the top 
portion of soil (0 – 10 cm) (Figure 10). However, observed differences in % C at 0 – 10 cm 
depth between transect AB and both SNR transects (CD and EF) suggest that reedbed 
persistence, as a product of geomorphology and inundation frequency, may be more 
influential than reedbed presence in controlling levels of % C. Hence, transects CD and EF 
have similar % C measures, because they have similar reedbed persistence despite 






















Figure 11 Mean SOC densities for all transects. Error bars show standard error. 
 
Figure 12 SOC percentages for cores at transect AB. Missing values represent no sample. 
 
Post-hoc analysis indicated that the high standard deviation in surface (0 – 10 cm) % C at 
transect AB (Figure 12) could be due to variations in water depth within the channel of 
Monkeygar Creek; cores with % C (0 – 10cm) values below the median and/or mean, were 
located in areas with relatively deeper water (Figure 13). Possible mechanisms for this 














































Figure 13 Image of transect AB. Arrows highlight the cores located in proximity to deeper sections of water. The 
middle arrow points to the main channel of Monkeygar Creek. Source: ArcGIS Online Basemaps (2013). 
 
4.2.4 Soil carbon sources 
 
Comparisons of !13C values from both soil and reference plant samples suggest that in-situ 
P. australis is likely to be the major contributor to SOM at all three transects. At transect 
AB (0 – 10 cm depth), no significant difference in !13C was found between soil samples (-
26.7 ‰) and reference P. australis samples (-27.6 ‰) (t-ratio = 1.69, p = 0.1144). At 
transect CD (0 – 10 cm depth), a significant difference was found between soil samples (-
24.7 ‰) and reference P. australis samples (-27.6 ‰) (t-ratio = 4.43, p = 0.0044). Similarly, 
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at transect EF (0 – 10 cm depth), a significant difference in !13C was found between soil 
samples (-24.19 ‰) and the reference P. australis samples (-27.6 ‰) (t-ratio = 8.28, 
p = 0.0002). Despite differences found between reference plant P. australis samples and 
soil samples from transects CD and EF (0 – 10 cm), observations still indicate that P. 
australis is the major contributor to SOC, especially at 0 – 10 cm depth.  The disparity 
between these soil samples and reference samples is probably a result of 13C enrichment 
by means of preferential decomposition of P. australis derived organic matter; 
comparable 13C enrichment levels in decomposing P. australis litter have previously been 
demonstrated by Balogh et al., (2006). Thus, when water supply is limited, and aerobic 
conditions are dominant, 13C enrichment may be caused by enhanced decomposition of 
labile carbon. Furthermore, the relative lack of enrichment at transect AB (0 – 10 cm) is 
indicative of inhibited decomposition in anaerobic conditions resulting from inundation.  
 
Previous studies (Paijmans, 1981; Bowen and Simpson, 2010) have indicated that P. 
australis reedbeds can occupy the SNR as the dominant vegetation community following 
overbank flooding. However, given the highly variable hydrology of the Macquarie 
Marshes, and the ephemeral nature of reedbed vegetation in the SNR, sources of carbon 
are likely to be a mixture of P. australis and other species, such as chenopods, that occupy 
the floodplain during dryer periods (Paijmans, 1981; Bowen and Simpson, 2010). This was 
particularly apparent at transect EF, where plants such as Juncus sp and Chenopodaceae 
were present (Figure 7).  
 
Inclusive of the whole soil profile, no significant difference in !13C was detected between 
transects (Table 4: Model L); however, the rate of 13C enrichment down-profile did differ 
between transects (Figure 14). All three transects show down-profile enrichment in 13C, 
indicating a common enrichment mechanism amongst sites. Saintilan et al., (2013) 
propose that an increasing ratio of refractory to labile plant components may contribute 
to down-profile enrichment of 13C, occurring in cases where labile components (e.g. 
leaves) are relatively 13C-deficient compared to refractory components (e.g. roots and 
stems). The leaves of P. australis decompose faster in comparison to its stems and roots, 
which have high fibre content (Eid et al., 2013). Balough et al., (2006) demonstrated, for P. 
australis, !13C values for stems are typically 1 – 2 ‰ greater than leaves. Thus, preferential 
decomposition of leaves over stems, and proportionately increasing contributions of stem 





Figure 14 Mean isotopic ratios for all transects. Error bars show standard error. 
At 20 – 30 cm depth, all three transects showed significantly different !13C values in 
comparison to the reference samples of P. australis (AB: t-ratio = 3.04, p = 0.0229; EF: t-
ratio = 4.68, p = 0.0034; CD: t-ratio = 4.24, p = 0.0008). These results are also indicative of 
decomposition of P. australis derived litter, even under the supposed anaerobic conditions 
at transect AB. This suggests that at LMC, considerable decomposition has occurred at 20 – 
30 cm; this process is also reflected in the decline in %C (Figure 12) and C density (Figure 
11) at transect AB between these depths. Palaeobiological records from LMC indicate the 
presence of P. australis within sediment at depths of 20 – 30 cm (Ralph et al. 2011), 
supporting the notion that P. australis has contributed to SOC at this depth. 
 
Additional sources may contribute 13C enriched organic matter at LMC; some cores along 
transect AB showed relatively dramatic down-profile enrichment of 13C (Figure 15). These 
high levels of 13C, particularly at core location (-12.6 ‰), are similar to the !13C reference 
signatures for water couch (Paspalum distichum) (-15.6 ‰), a species that can occur in 
LMC/Willancorah Swamp (Bowen and Simpson 2010). The !13C value at AB 1 (20 – 30 cm) 
(Figure 15) certainly is not indicative of P. australis inputs, nor is it consistent with rates of 
























Figure 15 Isotopic ratios for cores at transect AB. Missing values at 80 – 90 cm depth represent no sample. 
At all three transects (50 – 60 cm depth), a significant difference was found when 
comparing !13C values of soil (Figure 14) and reference values of P. australis  (AB: t-ratio = 
4.59, p = 0.0037; EF: t-ratio = 5.94, p = 0.0010; CD: t-ratio = 4.66, p = 0.0035).  I propose 
that these values indicate P. australis as the dominant source of organic matter, albeit, 
with greater levels of decomposition than in the shallower sections of the soil profile 
previously described. However, four out of the eight cores within transect AB show 
enrichment of 13C with comparable !13C values to P. distichum (Figure 15); these !13C 
values are not reflected by comparable decreases in % C (Figure 12) or C density (Figure 
11), suggesting an alternate carbon source. These results may indicate a possible change 
in vegetation community composition, namely, a higher abundance of the C4 plant P. 
distichum, or a mix of additional inputs of carbon. Saintilan et al., (2013) and Choi et al., 
(2001) suggested changes in vegetation community composition from C3 to C4 dominant 
plants as a possible explanation for down-profile enrichment of 13C. 
 
The down-profile enrichment of 13C in cores at transect CD (Figure 16) was less 
pronounced in comparison to both transects AB (Figure 15) and EF (Figure 17), especially 
when comparing values at 50 – 60 cm depth (Figure 14). Although, !13C values at 50 – 60 
cm depth, between all transects, are not statistically different, they do show similarities to 
values higher in the soil profile, indicating either a lack of enrichment down-profile or a 
13C-deficient source at that depth. !13C values at transect CD (50 – 60 cm) are not 
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values at transect AB (50 – 60 cm) were significantly different to those at AB (0 – 10 cm) 
(Table 6: Model S) and CD (0 – 10 cm, 20 – 30 cm) (Table 6: Models T and U); also EF (50 – 
60 cm) has significantly different !13C values compared to AB (0 –10 cm) (Table 6: Model 
V). These trends suggest a higher rate of 13C enrichment down-profile at transects AB and 
EF in comparison to transect CD. The supposed lack of 13C enrichment along transect CD, 
compared to transect AB, may be indicative of a comparatively lower water table, 
prompting the growth of deeper root systems of P. australis (Vretare et al., 2001), 
resulting in the input of 13C deficient plant material from the deeper root systems. Adcock 
and Ganf (1984) noted the extension of P. australis at depths greater than 50 cm in an 
Australian floodplain wetland. This trend is not apparent for transect EF, possibly because 
there may not been any recent inputs at depth due to the dieback of P. australis. 
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4.3 Correlations between SOC store and aboveground biomass 
4.3.1 Reedbed persistence and SOC store 
 
SOC store varied significantly with transect location (f = 19.4238; p < 0.0001). Transect AB 
(153 ± 13 Mg ha-1) had the highest carbon store measure, followed by transect CD 
(126 ± 18 Mg ha-1), and then transect EF (105 ± 13 Mg ha-1). The same trend was reflected 
in estimates of aboveground biomass; transect AB had the highest estimate of 
aboveground biomass (16.6 Mg ha-1), followed by transect CD (13.8 Mg ha-1), and then 
transect EF, which was only sparsely covered in vegetation (Figure 18). However, SOC was 
weakly correlated with aboveground biomass (r2 = 0.46) (Transects AB and CD).  These 
results suggest that SOC store is mainly influenced by reedbed persistence, as a product of 
geomorphology and inundation frequency, rather than aboveground biomass of in-situ 
vegetation (Figure 18). Nevertheless, in-situ vegetation contributes to SOC store and 
refractory carbon; Saintilan et al., (2013) noted the contribution of in-situ vegetation to 
refractory carbon in coastal wetlands, despite hydro-geomorphic setting acting as a 
dominant control over carbon store. 
 
Figure 18 Shows the zonation of reedbed at (transect CD) (right) to the sparse vegetation at transect EF (middle to 
left). The extent of the dead reedbed is marked by the dotted lines, highlighting the dominance of geomorphology 
as a control of reedbed persistence. Photo: Kerrylee Rogers 
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4.3.2 Calibrated NDVI 
 
Estimates of aboveground biomass for each core location were used to calibrate NDVI for 
reedbeds in the Macquarie Marshes, and were best correlated with NDVI data from 23 
March 2013 (r2 = 0.95) (Figure 19). An average NDVI value was derived from the nine 
NDVI pixels around each core location; two core location points (AB 6 and EF 1) were 
excluded as outliers because they had low NDVI and high biomass values. A total of 32 
377 Mg of aboveground biomass was estimated for the 2230 ha of reedbed throughout 
the Macquarie Marshes; this equates to 14.5 Mg ha-1. The reedbed extent was derived 
from 2008 vegetation mapping by Bowen and Simpson (2010), since then the reedbed 
extent has increased. Hence, the aboveground biomass estimates are likely 
underestimates (Figure 20). Since there was only a weak correlation between 
aboveground biomass and SOC store (r2 = 0.46), calibrated NDVI was deemed unsuitable 
to use as a surrogate measure of soil carbon store. This supports the notion that 
vegetation biomass is generally not representative of carbon storage efficiency (Coletti et 
al., 2011). Calibrated NDVI may prove as a useful tool for qualitative assessment of SOC, 
and as a more quantitative and widely applicable measurement of reedbed condition 
(Figure 20). Additionally, this technique could be used to measure spatial variations in 
aboveground biomass, enabling the identification of strategic sampling points for soil 
sampling in future research.  
 
Figure 19 Logistic model used to fit NDVI data from 23 March 2013 with the aboveground biomass estimates for 










Figure 20 NDVI raster layers based on 2008 vegetation mapping from Bowen and Simpson (2010) for (A) 
LMC/Willancorah Swamp and (B) the SNR. Background satellite imagery is sourced from ArcGIS Online 
Basemaps (2013) 
4.4 General Discussion 
4.4.1 SOC store and floodplain evolution in the Macquarie Marshes 
 
Estimates of SOC store in this study (Table 5) were comparable to estimates made in 
floodplain wetlands elsewhere. Cierjacks et al., (2010) estimated SOC store for forested 
floodplains on Austrian reaches of the Danube River, ranging from 113 Mg ha-1 to 
154 Mg ha-1. Wigginton et al., (2000) estimated SOC store up to 0.7 m depth for forested 
floodplains along the Savannah River, USA, in a series of succession stages following 
thermal effluent pollution; estimates ranged from 156 Mg ha-1 in early succession sites to 
559 Mg ha-1 in late succession sites. Other studies for degraded wetlands include estimates 
made for intact prairie pothole wetlands (205 Mg ha-1) by Badiou et al., (2011), which 
were greater than those made in this study. However, estimates made by Badiou et al., 
!" #"
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(2011) for newly restored (< 5 years; 121 Mg ha-1) and long-term restored (> 5 years; 165 
Mg ha-1) prairie pothole wetlands were more comparable to estimates made in this study 
(although not comparable geomorphically) (Table 5). SOC store estimates in this study are 
comparatively lower than estimates in Australian coastal wetlands; Saintilan et al., (2013) 
recorded values as high as 343 Mg ha-1 in saltmarsh and mangrove ecosystems. These 
comparisons suggest that the carbon store within Macquarie Marshes, although less than 
more productive ecosystems such as coastal wetlands, is comparable to that of other 
floodplain wetlands, especially those that have been degraded. 
 
Ralph et al., (2011) demonstrated that within the last 200 years, LMC has undergone a 
transition in character associated with avulsion. Paleobiological and sedimentary records 
of LMC show a shift from a dry pre-avulsion phase to a wet post-avulsion phase 
approximately 149 years BP (60 – 80 cm depth), marked by distinct sandy profile layers, 
which are likely to represent rapid overbank and floodout deposition of coarse bedload 
sediment (Ralph et al., 2011). In the pre-avulsion phase, LMC was most likely a more 
ephemeral floodplain wetland system that was often dry and received occasional 
overbank floodwater (Ralph et al., 2011). The 13C-enriched soil samples at transect AB 
(Figure 15) may be reflective of changes in vegetation community composition or organic 
carbon source, resulting from changes in the morphology of LMC, demonstrated by Ralph 
et al., (2011) at comparable depths in the soil profile.  
 
In the post-avulsion phase, LMC is described as a substantial wetland that was 
permanently inundated and regularly flooded; since the mid-20th century LMC has 
become shallower and less frequently flooded possibly due to relatively rapid natural 
floodplain accretion and levee formation, and major river regulation, namely the 
installation of Burrendong Dam in 1967 (Ralph et al., 2011). Flow regulation is believed to 
have exacerbated the base lowering and undercutting of channels in the South Marsh 
(inclusive of LMC and the SNR), alienating floodplains from the river channels (DECCW, 
2010). SOC stocks may have declined in LMC since the mid-20th century due to a decline in 
inundation frequency, and thus, a greater frequency of aerobic conditions. Rodriguez-
Murillo et al., (2011) note that the preservation of labile organic matter can be an efficient 
mechanism for carbon sequestration in wetlands. An increase in the prevalence of aerobic 
conditions may have enhanced the decomposition of labile SOC in LMC. Furthermore, 
under aerobic conditions, obligate aerobe decomposer organisms are capable of breaking 
down refractory SOC (Verhoeven, 2009).  
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Ralph et al., (2011) described LMC as a developing swamp, which commenced during the 
post-avulsion phase only ~150 years BP; this highlights the natural capacity of the 
Macquarie Marshes to evolve over relatively short timescales. In the context of efforts to 
enhance or restore carbon sequestration, the dynamic morphology of the Macquarie 
Marshes is an important consideration as landscape evolution in the Macquarie Marshes 
occurs over timescales of less than 100 years to over several thousand years (OEH, 2012b). 
Channel avulsion in the Macquarie Marshes is a common process that ultimately leads to 
the hydrological abandonment of existing marshes and the evolution of new marshes 
(Yonge and Hesse, 2009; Ralph and Hesse, 2010). Thus, carbon sequestration initiatives 
may be both undermined or enhanced at different rates depending on natural landscape 
evolution processes. 
 
4.4.2 Environmental Water Allocations 
 
Stable carbon isotope analyses from this study have indicated that SOC in reedbeds 
located in the Macquarie Marshes is likely to be predominantly sourced in-situ from P. 
australis. Thus, effective management of these extensive reedbeds may prove to be a key 
component of endeavours to enhance or restore carbon sequestration potential in the 
Macquarie Marshes. Large losses of reedbed extent during extended periods of drought 
are generally difficult to restore due to relatively low recruitment of P. australis by seed 
compared to vegetative expansion (OEH, 2012b). Bowen and Simpson (2010) 
demonstrated extensive losses of reedbed in the SNR due to prolonged drought from 1991 
– 2008; such events represent a major challenge for environmental management in the 
Macquarie Marshes, especially considering the scarcity of environmental water 
allocations during such periods, which decrease in accordance with available storage 
water at Burrendong Dam (see OEH, 2012a). Increasing the resilience of semi-permanent 
wetland, such as P. australis reedbed, is a primary objective of environmental watering 
plans for the Macquarie Marshes that helps the maintenance of ecosystem function 
during drought (OEH, 2012a).  
 
Limitations to environmental water allocation during drought periods may inhibit the 
effectiveness of carbon sequestration strategies. Small flood pulses capable of producing 
overbank flooding are inhibited from reaching the Macquarie Marshes by Burrendong 
Dam (Kingsford, 2000); although base flows may serve to consistently supply water to 
some areas, evidence suggests that these flows exacerbate the disconnect between 
channels and floodplains (Bell et al., 1983; DECCW, 2010). The continued purchase of 
water licenses from landholders in the Macquarie Marshes and future increases in 
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temporary water trading are likely key strategies to improving the effectiveness of 
environmental water management (OEH, 2012a). Prioritisation of core wetland areas 
Increasing environmental water capacity during drought periods may provide 
opportunities for inundating floodplains that would otherwise remain dry (Figure 21). 
 
Government purchases of private land may also become an increasingly important 
strategy as a means of restoring areas of floodplain ecosystems. For example, OEH 
purchased 2400 ha of the Pillicawarrina floodplain property in 2009; rehabilitation works 
were carried out, such as removing constructed levees and banks, ultimately increasing 
the connectivity between river channels and surrounding floodplain, and restoring the 
ecosystem function the area (OEH, 2012a). Such initiatives may serve to increase the 
effectiveness of environmental water by decreasing the floodplain-channel disconnect, 
hence, decreasing the amount of water required to inundate certain areas of floodplain. 
 
Considering the Macquarie Marshes within the context of degraded wetland ecosystems 
suggests that their SOC store may not be representative of its natural maximum capacity. 
Since drought-breaking floods in 2010-11, the Macquarie Marshes have undergone 
recovery (OEH, 2012a); SOC stores may not have recovered to pre-drought levels, taking 
into account the recovery times for carbon store in previously discussed examples (see 
e.g. Badiou et al., 2011; Wigginton et al., 2000). It would be hard to gauge pre-regulation 
SOC levels in the Macquarie Marshes based on this study, however, post-drought recovery 
times for SOC store may be greater under regulated flow regimes, given the well-
documented ecological impacts of flow regulation on floodplain wetlands (Kingsford, 
2000). Thus, improved environmental management practices may serve to increase post-
drought SOC store recovery rates. 
 52 
 
Figure 21 A conceptual model of carbon dynamics in the Macquarie Marshes. The balance of these dynamics 
shifts under different watering regimes, which occurs naturally. Water regulation is depicted as exerting control 
over inundation character, i.e., frequency, timing, magnitude and quality of flows, and is capable of shifting the 
balance of watering regimes. 
 
 
4.5 Limitations  
 
Limitations to this study are mainly a product of restrictions in available time.  One major 
limitation of this study is the result of the substitution of time with space, i.e., varying site 
conditions were used instead of temporal changes at a site as an independent variable. A 
study of carbon store dynamics in response to changes in soil saturation and aboveground 
biomass over time would be ideal, providing more quantitative measures of carbon 
accumulation and liberation.  
 
In regards to the sampling of P. australis, if more time was allocated for fieldwork, a 
higher number of reeds could have been sampled and used in regression analysis, likely 
resulting in more statistically robust estimations of aboveground biomass.  
 
This study would also benefit from measures of gas emissions from the study sites, as this 
would be key to a more holistic understanding of carbon dynamics in the Macquarie 
Marshes and similar semi-arid floodplain wetlands. 
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5  Conclusions and Recommendations 
 
The broad aims of this study (stated in Section 1.5) were to:  
 
• Investigate the relationship between aboveground biomass of P. australis 
communities and the associated soil organic carbon (SOC) store within the 
Macquarie Marshes, with consideration given to the persistence of reed beds.  
 
• Consider how much P. australis contributes to SOC store in the Macquarie 
Marshes and determine the provenance of SOC in soil samples.  
 
• Develop and evaluate methodologies for assessing the SOC store within the 
Macquarie Marshes utilising remote sensing products (NDVI). 
 
These aims have generally been achieved.  The following conclusions and 
recommendations can be drawn from the results and discussion of this study. 
5.1.1 Conclusions 
 
Down-profile decreases in SOC (% C and C density) at all sites demonstrate the loss of 
carbon through time, indicating that the SOC persisting at depth is being sequestered as 
refractory carbon. This trend was also supported by generally consistent down-profile 
enrichment of !13C, suggesting the occurrence of preferential decomposition of 13C 
depleted labile organic matter, over 13C enriched refractory organic matter.  
 
Stable carbon isotope analysis also indicated that SOC in reedbeds located in LMC and the 
SNR is predominantly autochthonous, of which in-situ P. australis is the major 
contributor. Hence, management efforts aiming to improve the resilience and sustained 
condition of these reedbeds may function as a means of enhancing carbon sequestration 
potential in the Macquarie Marshes.  
 
A weak correlation (r2 = 0.46) between SOC store and aboveground biomass demonstrates 
that SOC store is not reflected by in situ primary productivity of P australis. Rather, 
differences in SOC between transects were associated with reedbed persistence, which is 
a function of geomorphology and inundation frequency. SOC varied significantly across 
transects (f = 19.4238; p < 0.0001); SOC was greater at the persistent reedbed setting of 
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LMC/Willancorah Swamp (transect AB) (153 ± 13 Mg ha-1) compared to the ephemeral 
reedbed setting of the SNR (transects CD and EF) (126 ± 18 Mg ha-1; 105 ±13 Mg ha-1 
respectively). These results do not necessarily demonstrate the liberation of SOC during 
drier/drought periods; rather, they reflect the prevalence of different processes, such as 
aerobic and anaerobic decomposition, associated with varying degrees of reedbed 
persistence. 
 
Strong correlations between NDVI and estimated aboveground biomass of P. australis 
(r2 = 0.95) demonstrate that calibrated NDVI may be used as an effective tool for broad-
scale quantitative assessment of P. australis reedbeds, and possibly other types of wetland 
vegetation. A weak correlation between SOC store and aboveground biomass of P. 
australis reedbeds (r2 = 0.46) suggests that calibrated NDVI is not a suitable surrogate 
measure of SOC store, however, it may be a suitable qualitative assessment tool for SOC 
carbon store.  
 
5.1.2  Recommendations 
 
In this study, down-profile changes in !13C at LMC supported the notion that LMC has 
undergone relatively recent evolutionary changes by means of avulsion demonstrated by 
Ralph et al., (2011). However, these trends were purely observational and lacked 
statistical evidence. Hence, future studies relating to carbon dynamics may benefit from 
investigating down-profile changes of !13C in regards to recent and ongoing evolutionary 
changes in the Macquarie Marshes that may affect management strategies aiming to 
restore or enhance carbon sequestration in the Macquarie Marshes.  
 
The strong correlations between NDVI and aboveground biomass of P. australis reedbeds 
suggest similar methods may be employed for other species of vegetation. Future studies 
that attempt to calibrate NDVI data with biomass measures of other species can 
potentially help develop tools for the broad-scale quantitative assessment of vegetation. 
Such tools may be particularly valuable in wetlands like the Macquarie Marshes, where 
large changes to the extent and composition of vegetation communities are a common 
occurrence, potentially helping inform decisions regarding environmental water delivery.  
 
Based on findings from this study, it is recommended that environmental management 
strategies in the Macquarie Marshes should retain focus on maintaining the ecological 
character of core wetland areas, such as the extensive reedbeds of P. australis. 
Additionally, these strategies should continue attempts to ‘re-connect’ floodplains and 
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channels, which would serve to increase the effectiveness of environmental water 
allocations. Monitoring the effectiveness of environmental water allocations could be 
done by means of remote sensing; it is recommended that NDVI be used to quantitatively 
measure the condition of reedbeds, and to qualitatively assess SOC.  
 
Factors that could inhibit such management practices include channel erosion and levee 
accretion (particularly at LMC), which effectively increases the disconnect between 
channel and floodplain. These processes are related to natural and ongoing evolution of 
the Macquarie Marshes, however, they are likely to be exacerbated by flow regulation 
(DECCW, 2010; Ralph et al. 2011). Hence, these factors should be considered when 
prioritising environmental water for the purpose of enhancing or restoring carbon 
sequestration in the Macquarie Marshes. As a minimum, efforts to maintain the ecological 
character of the Macquarie Marshes may serve to prevent the liberation of large 
quantities of SOC. 
 
SOC store estimates made in this study are comparable to estimates made for other 
floodplain wetlands (see e.g., Cierjacks et al., 2010). Recognising carbon sequestration in 
government policy as a key ecosystem service provided by Macquarie Marshes, may grant 
management authorities, such as NSW OEH, more traction in the acquisition of 
environmental water. Pittock et al., (2013) stated the need for a more integrated approach 
to environmental policy within Australia, acknowledging the disconnect between 
conservation, climate change and energy policy. Integrating soil carbon sequestration as a 
key goal into wetland conservation policy, could potentially serve as a climate change 
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Level 1 Level 2 Difference p-Value Level 1 Level 2 Difference p-Value
AB,0 - 10 CD,80 - 90 8.608929 0.0003 EF,50 - 60 CD,50 - 60 3.371429 0.7648
AB,0 - 10 AB,50 - 60 8.1625 0.0004 CD,20 - 30 CD,50 - 60 3.128571 0.8393
AB,0 - 10 AB,80 - 90 9.2975 0.0004 AB,0 - 10 CD,0 - 10 2.451786 0.9568
AB,0 - 10 EF,80 - 90 7.294643 0.0039 AB,0 - 10 EF,20 - 30 2.180357 0.9817
AB,0 - 10 CD,50 - 60 6.994643 0.0069 CD,50 - 60 AB,80 - 90 2.302857 0.9893
EF,0 - 10 AB,80 - 90 7.36 0.0167 AB,0 - 10 EF,0 - 10 1.9375 0.9929
EF,0 - 10 CD,80 - 90 6.671429 0.0181 EF,0 - 10 CD,20 - 30 1.928571 0.9948
EF,20 - 30 AB,80 - 90 7.117143 0.0243 EF,80 - 90 AB,80 - 90 2.002857 0.9967
EF,0 - 10 AB,50 - 60 6.225 0.0271 EF,0 - 10 EF,50 - 60 1.685714 0.9984
EF,20 - 30 CD,80 - 90 6.428571 0.0271 EF,20 - 30 CD,20 - 30 1.685714 0.9984
CD,0 - 10 AB,80 - 90 6.845714 0.0362 CD,50 - 60 CD,80 - 90 1.614286 0.9989
EF,20 - 30 AB,50 - 60 5.982143 0.0405 EF,0 - 10 AB,20 - 30 1.4875 0.9993
CD,0 - 10 CD,80 - 90 6.157143 0.0418 EF,20 - 30 EF,50 - 60 1.442857 0.9996
CD,0 - 10 AB,50 - 60 5.710714 0.062 CD,0 - 10 CD,20 - 30 1.414286 0.9997
AB,20 - 30 AB,80 - 90 5.8725 0.108 EF,80 - 90 CD,80 - 90 1.314286 0.9998
EF,0 - 10 EF,80 - 90 5.357143 0.1316 CD,50 - 60 AB,50 - 60 1.167857 0.9999
AB,20 - 30 CD,80 - 90 5.183929 0.1321 EF,20 - 30 AB,20 - 30 1.244643 0.9999
EF,50 - 60 AB,80 - 90 5.674286 0.1647 AB,20 - 30 CD,20 - 30 0.441071 1
EF,20 - 30 EF,80 - 90 5.114286 0.1784 AB,50 - 60 AB,80 - 90 1.135 1
AB,20 - 30 AB,50 - 60 4.7375 0.1894 AB,50 - 60 CD,80 - 90 0.446429 1
EF,0 - 10 CD,50 - 60 5.057143 0.1911 CD,0 - 10 AB,20 - 30 0.973214 1
EF,50 - 60 CD,80 - 90 4.985714 0.2078 CD,0 - 10 EF,50 - 60 1.171429 1
CD,20 - 30 AB,80 - 90 5.431429 0.2145 CD,80 - 90 AB,80 - 90 0.688571 1
CD,0 - 10 EF,80 - 90 4.842857 0.2442 EF,0 - 10 CD,0 - 10 0.514286 1
EF,20 - 30 CD,50 - 60 4.814286 0.252 EF,80 - 90 AB,50 - 60 0.867857 1
CD,20 - 30 CD,80 - 90 4.742857 0.2721 AB,20 - 30 EF,50 - 60 0.198214 1
EF,50 - 60 AB,50 - 60 4.539286 0.2882 CD,50 - 60 EF,80 - 90 0.3 1
CD,0 - 10 CD,50 - 60 4.542857 0.3336 EF,0 - 10 EF,20 - 30 0.242857 1
CD,20 - 30 AB,50 - 60 4.296429 0.3689 EF,20 - 30 CD,0 - 10 0.271429 1
AB,20 - 30 EF,80 - 90 3.869643 0.5318 EF,50 - 60 CD,20 - 30 0.242857 1
AB,0 - 10 CD,20 - 30 3.866071 0.5332
AB,0 - 10 EF,50 - 60 3.623214 0.6304
AB,20 - 30 CD,50 - 60 3.569643 0.6515
EF,50 - 60 EF,80 - 90 3.671429 0.6573
AB,0 - 10 AB,20 - 30 3.425 0.661





Reed # Height (m) Wet Mass (g) Dry Mass (g) Reed # Height (m) Wet Mass (g) Dry Mass (g)
1 3.1 48.1 29 41 1.9 12.3 7.6
2 2.7 40.8 23.4 42 1.9 14.94 6.7
3 2.9 52.4 31.5 43 2 12.2 6.8
4 2.9 122.3 63.9 44 2.15 35.3 19.2
5 3.1 68 40.4 45 2.2 25.3 14.5
6 2.9 84.1 38.1 46 2.1 16.2 9.7
7 2.7 78.4 37.8 47 3.1 54.4 32.5
8 2.5 39 21.9 48 2.5 73.5 33.4
9 2.1 41.04 16.2 49 2.8 68.1 32.2
10 2.3 61.6 32.2 50 2.7 107.1 50
11 3 50.4 30.7 51 3 50.37 30.8
12 2.9 74.69 41.4 52 2.9 46.8 28.6
13 2.6 43.08 24.5 53 2.1 17.7 10
14 2.8 63.7 35.1 54 2.6 69.4 34.2
15 1.7 36.6 17.7 55 2.9 37.1 21.7
16 1.5 19.83 8.6 56 2 14.3 8
17 2.2 18.7 9.8 57 2.5 42.2 23.4
18 2.5 61.79 21.4 58 2.4 29.5 15.9
19 2.8 59.78 31.1 59 3 78.2 44.1
20 1.4 23.6 11.3 60 2.1 20.5 11.2
21 2.6 41.7 23.4 61 2.7 58.7 27.1
22 2.7 58.2 30.1 62 2.1 15 8.6
23 1.5 31.7 16 63 2.1 17.7 9.7
24 1.4 18.1 16.3 64 2 8.3 5.8
25 2.4 63.3 24.2 65 2.7 33.7 19.5
26 2.9 43.4 25.6
27 2.4 29.2 16.5
28 2.5 36.1 20.5
29 2.6 43.2 22
30 2.5 36.2 19.9
31 2.4 21.9 13.1
32 2.2 32 15
33 2.7 70.9 38.3
34 2.3 27.4 14.8
35 2.4 25.1 14.4
36 2 11.2 6.1
37 2.2 21.2 11.6
38 2.6 32 24.1
39 2.4 28.1 16.2
40 2 21.3 10.2





Quad 1 Height of 5 tallest Quad 2 Height of 5 tallest
1 2.2 1 2.7
2 2.1 2 2.55
3 2 3 2.9
103 4 2.5 34 4 2.5
5 2.2 5 2.65
!"#$%&''$()* Dry Mass (g)
1065.9 412.2
Quad 3 Height of 5 tallest Quad 4 Height of 5 tallest
1 2.7 1 2.7
2 2.8 2 3.1
3 2.8 3 2.6
71 4 2.5 23 4 2.8
5 3.1 5 2.7
!"#$%&''$()* Dry Mass (g)
765 388.7
Quad 5 Height of 5 tallest Quad 6 Height of 5 tallest
1 2.8 1 3.5
2 2.4 2 2.9
3 2.4 3 3.6
25 4 2.6 30 4 3.5
5 2.6 5 3.4
!"#$%&''$()* Dry Mass (g)
278.5 520.8
Calibration Phase: Step 2 Survey (Transect AB)
No. of shoots 
(>10cm)
No. of shoots 
(>10cm)
Mean Height (cm) Mean Height (cm)
2.2 2.66




Mean Height (cm) Mean Height (cm)
2.56 3.38
2.78 2.78
No. of shoots 
(>10cm)
No. of shoots 
(>10cm)





Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 19.31141023 1795.961152 775.3440973
2 27.79264418 2167.826246 914.4706762
3 34.35213606 2164.184572 913.1082096
4 33.71937537 1652.249393 721.5769499
Core AB 2
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 24.57654815 1302.557052 590.7459044
2 45.5114185 2093.525251 886.6723068
3 18.4387523 1677.926459 731.1835582
4 18.01192288 1999.32344 851.428408
Core AB 3
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 44.75546507 3222.393485 1309.017877
2 45.5114185 3185.799295 1295.326825
3 33.71937537 2528.953153 1049.579757
4 35.63999242 1995.839576 850.1249834
Core AB 4
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 36.95786748 1700.061904 739.4651335
2 28.35306298 1644.477653 718.6692943
3 17.59137525 1213.804892 557.5408939
4 30.07688786 1894.843935 812.3392967
Core AB 5
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 24.06458979 1299.487849 589.5976176
2 46.27537044 1480.811854 657.4367048
3 58.71797471 1644.103292 718.5292339
4 49.41185799 2767.064047 1138.664628
Core AB 6
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 34.99232979 1084.762223 509.2619203
2 29.49514824 855.359299 423.4349779
3 24.57654815 811.026089 406.8485116
4 47.04735568 2540.557207 1053.921203
Core AB 7
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 31.8653319 1497.670599 663.7440985
2 25.62093738 1050.458432 496.4277793
3 22.08412731 1590.057166 698.3088565
4 38.99158926 2378.486945 993.2855549
Core AB 8
Mass v Height Eq. (AB) y = 1.89x2.71
Correction Equation (AB) y = 103.42 + 0.37x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 36.29515975 4936.141726 1950.185692
2 26.69287077 1761.729471 762.5369349
3 29.49514824 2507.087601 1041.399157
4 27.23925904 1716.07332 745.4555141




Reed # Height (m) Wet Mass (g) Dry Mass (g)
1 2.8 52.7 30.2
2 2.85 53.8 31.1
3 3 84.7 33.6
4 3 37.3 22
5 2.65 54.1 29.9
6 2.75 64.4 33.7
7 2.6 41.2 22.7
8 2.7 71.3 37.5
9 2.3 32.7 16.6
10 2.2 30.1 12.4
11 2 22 14.5
12 2.8 51.9 29.6
13 2.9 43.6 26.5
14 2.6 48.8 23.2
15 2.9 50.3 30
16 2.65 30.1 18
17 2.5 19.3 11.5
18 2.6 37.3 20.5
19 2.6 27.2 16.4
20 3.2 46 29.2
21 2.7 45.7 26.1
22 2.9 43.8 27
23 2.75 39.1 20.3
24 2.4 31.7 28.7
25 2.8 50.7 28.1
26 3.3 59.7 37.4
27 3.1 61.3 33.6
28 2.9 61.3 37.3
29 2.3 29.1 14
30 2.7 23.2 13.1
31 3 47.8 24.4
32 2.7 38.6 19.6
33 3.2 71.8 38.6
34 2.9 58.1 33.2
35 2.9 51.1 27.6
36 2.3 37.2 16.8
37 3 27.3 16.1
38 1.7 8.4 4.8
39 2.3 24.9 11.6
40 2.6 57.6 25.8
Reed # Height (m) Wet Mass (g) Dry Mass (g)
41 2.15 31.4 15
42 2.95 73.8 35.2
43 2.9 63.1 33.9
44 1.9 24.4 14.2
45 3.1 88 40.1
46 2.5 33.9 18.7
47 3 58.8 33.4
48 2.7 64.1 31
49 2.8 50.5 27.7
50 2.5 44.1 24.7
51 2.8 53.8 29.2
52 1.8 18.4 7.2
53 1.9 31.4 14.6
54 2.5 14 12.7
55 2.6 25.8 16.5
56 1.9 14.8 8.5
57 2.8 59.2 36.4
58 2.5 18.8 17.3
59 2.1 14.1 8.7
60 2.3 20.7 12.7
61 4.1 78.1 47.3
62 4.1 65.5 40.8
63 3.75 90.8 49.9
64 4.15 69.9 42.3
65 3.8 98.8 49.4
66 3.1 79.7 38.2
67 3.5 86.9 47.9
68 3.6 44.5 24.3





Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 48.49366711 2473.177023 910.168268
2 48.07732348 2067.324909 767.5517957
3 38.16649413 2938.820048 1073.795273
4 40.45695552 2144.218642 794.572261
Core CD 2
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 19.87935504 1093.364527 425.3020219
2 22.82968608 1324.121792 506.3901476
3 25.31269134 3366.587949 1224.112955
4 25.95025755 1115.861075 433.2073109
5 38.54432599 1657.406018 623.5062569
Core CD 3
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 25.95025755 1245.612362 478.8019261
2 27.24538345 1171.551489 452.7769279
3 33.04286575 1982.571945 737.7695956
4 26.27154465 1418.663411 539.6120817
5 38.54432599 1773.038996 664.1396967
Core CD 4
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 32.33644972 3492.33657 1268.301033
2 19.31003998 482.7509994 210.7323685
3 30.2559707 1633.822418 615.2189777
4 28.90151851 1878.598703 701.2333883
Core CD 5
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 16.83509518 1414.147995 538.025364
2 15.5224169 698.5087604 286.5496669
3 20.16662374 1754.496265 657.6237796
4 16.83509518 1228.961948 472.950969
Core CD 6
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 21.62892383 3071.307185 1120.351266
2 21.92654863 2762.745128 1011.922529
3 21.03882776 2524.659332 928.2591564
4 19.02800157 2321.416191 856.8394971
Core CD 7
Mass v Height Eq. (CD) y = 4.38x1.73
Correction Equation (CD) y = 18.61+0.36x
Quad Shoot Mean Mass (g) Quad Mass Est (g) Quad Mass Corrected (g)
1 19.31003998 1216.532519 468.5832662
2 19.31003998 1351.702798 516.0821158
3 22.67809674 1882.282029 702.5277095
Application Phase (CD)
